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ABSTRACT  

   

Nitrogen is an essential, often limiting, element for biological growth that can act 

as a pollutant if present in excess. Nitrogen is primarily transported by water from 

uplands to streams and eventually to recipient lakes, estuaries, and wetlands, but can be 

modulated by biological uptake and transformation along these flowpaths. As a result, 

nitrogen can accumulate in aquatic ecosystems if supply is high or if biological retention 

is low. Dryland and urban ecosystems offer interesting contrasts in water supply, which 

limits transport and biological activity in drylands, and nitrogen supply that increases 

with human activity. In my dissertation, I ask: What is the relative balance among 

nitrogen retention, removal, and transport processes in dryland watersheds, and what is 

the fate of exported nitrogen? My dissertation research demonstrates that water is a major 

control on where and when nitrogen is retained and removed versus exported to 

downstream ecosystems. I used a mass-balance model based on synoptic surveys to study 

seasonal and spatial patterns in nitrate loading to a dryland stream network. I found that 

irrigation diversions transport nitrate from agricultural areas to the stream network year-

round, even during dry seasons, and are an important driver of nitrate loading. I further 

explored how seasonal precipitation influences flood nutrient export in an intermittent 

desert stream by coupling long-term data of flood-water chemistry with stream discharge 

and precipitation data. I found that higher precipitation prior to a flood fills water storage 

sites in the catchment, leading to larger floods. In addition, higher antecedent 

precipitation stimulates biological nitrogen retention in the uplands, leading to lower 

nitrogen concentration in floods. Finally, I evaluated the consequences of nitrogen export 

from watersheds on how urban wetlands attenuate nitrate through denitrification that 
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permanently removes nitrogen, and dissimilatory nitrate reduction to ammonium 

(DNRA) that retains nitrogen in another biologically reactive form. I found that DNRA 

becomes proportionally more important with low nitrate concentration, thereby retaining 

nitrogen as ammonium. Collectively, my dissertation research addresses how dryland and 

urban ecosystems can be integrated into models of watershed nitrogen cycling.  
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CHAPTER 1 

INTRODUCTION: THE BALANCE OF NITROGEN TRANSPORT AND 

RETENTION IN DRYLAND AND URBAN ECOSYSTEMS 

 

Nitrogen is an essential element for all organisms and has many different 

chemical forms, only some of which are biologically accessible to primary producers. 

Biologically accessible forms of nitrogen include nitrate and ammonium, collectively 

referred to as dissolved inorganic nitrogen (DIN). As the phrase suggests, these nitrogen 

forms are usually transported dissolved in water. Hydrology is strongly linked to nutrient 

cycling as a transport vector (Hatt et al. 2004, Kaye et al. 2006, Lewis and Grimm 2007, 

Walsh et al. 2009) and through the effect of water on physical and chemical conditions of 

the environment and rates of biogeochemical transformations (Paul and Meyer 2001, 

Groffman et al. 2002, Grimm et al. 2005, Walsh et al. 2005, Kaye et al. 2006). As DIN is 

transported downslope or downstream it is subject to retention and removal reactions. 

Dryland and urban ecosystems are especially good study systems for nitrogen cycling 

because of the contrasts in nitrogen supply and transport. In addition, these systems are 

not commonly included in watershed models, but are useful examples of more complex 

features common across watershed systems (Figure 1.1). Water availability in drylands 

fluctuates. Extended dry periods are interspersed with precipitation, and this mediates 

both nitrogen transport, retention, and removal (Noy-Meir 1973). In contrast, urban 

ecosystems tend to have higher DIN supply, but have altered landscapes in ways that 

reduce retention and removal, and increase export to downstream systems (Paul and 

Meyer 2001). 
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Dissolved inorganic nitrogen retention and removal occurs through a suite of 

mostly biologically mediated reactions (Figure 1.2). Retention refers to nitrogen held 

temporarily in the organic tissues of organisms or in soil organic matter complexes and is 

not available for transport while removal refers to the conversion to nitrogenous gases 

(N2, N2O, NH3) which are lost to the atmosphere. Nitrogen enters the landscape through 

nitrogen fixation that transforms atmospheric dinitrogen gas to organic nitrogen in the 

tissues of the organisms carrying out this process. When those organisms die or exude 

organic materials, it is subject to mineralization to ammonium. Under oxic conditions, 

ammonium can be transformed to nitrate. Nitrate and ammonium are taken up by primary 

producers and incorporated into their organic tissues for growth. This organic material is 

eventually mineralized through decomposition to ammonium. Ammonium is generally 

considered less mobile than nitrate because its positive charge leads to its adsorption to 

negatively charged clay particles in soil and sediment. Ammonium can also be removed 

from a system by volatilization; this disproportionately occurs following precipitation in 

uplands (Schlesinger and Peterjohn 1991). Nitrate can be removed via denitrification to 

nitrogenous gases, effectively removing nitrogen from the system, or transformed to 

ammonium via dissimilatory nitrate reduction to ammonium (DNRA). As DIN is 

transported downslope and downstream, it can be subject to retention via biological 

uptake, removal via denitrification and volatilization, and transformation between DIN 

forms through nitrification and DNRA.  

In drylands, the location of nitrogen processing and retention depend largely on 

where and when water is available to facilitate physical transport and the chemical and 

biological conditions necessary for transformation. During extended dry periods, nitrogen 
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cycling is limited to locations that have available water to support biological activity such 

as: flowing streams, wetlands, riparian zones, and dry stream channels with hyporheic 

water (McClain et al. 2003, Harms and Grimm 2008). These locations are situated at 

topographic low points that accumulate water and materials. In addition, these locations 

can retain elevated moisture for extended periods relative to the surrounding hillslopes 

(Welter et al. 2005, Sponseller and Fisher 2008, Harms and Grimm 2012) and can 

therefore support nitrogen cycling during periods without precipitation. Due to water 

limitation, dry periods may have little biological activity in surrounding hillslopes to 

transform nitrogen. 

 Hillslopes may experience hot moments of biogeochemical activity (biological 

activity ‘pulses’; Ludwig and Tongway 1997) associated with precipitation events. In 

drylands, these events dissipate quickly with the exhaustion of soil moisture (Belnap et 

al. 2005, Harms and Grimm 2008). The magnitude of precipitation can prompt different 

amounts of biological activity that transform nitrogen; precipitation also transports water 

and materials across the landscape (Noy-Meir 1973, Ludwig and Tongway 1997, Belnap 

et al. 2005, Welter et al. 2005, Collins et al. 2008, 2014). Small amounts of precipitation 

can increase soil microbial activity without substantially increasing soil moisture (Belnap 

et al. 2005, Welter et al. 2005, Sponseller and Fisher 2008). Intermediate-scale 

precipitation events will activate more of the biological community (Collins et al. 2014) 

and may prompt transfers of water and nutrients between locations via runoff, resulting in 

a redistribution of material along flowpaths (Ludwig and Tongway 1997, Belnap et al. 

2005, Welter et al. 2005). Large precipitation inputs can exceed the soil water storage or 

infiltration capacity and generate floods that transfer material faster than biological 
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demand can retain it (Welter et al. 2005, Oldham et al. 2013). These large transport 

events can culminate in flushing material through stream channels, resulting in large-

scale material export rather than retention and removal (Raymond et al. 2016). 

Urbanization changes the magnitude, location, and timing of nutrient retention in 

landscapes (Figure 1.3). Human activities increase nitrogen supply in ecosystems, alter 

landscapes such that the biological community that is responsible for retention and 

removal is reduced, and build infrastructure that favors efficient flood water export rather 

than infiltration. As a result, large amounts of DIN may accumulate on the landscape, 

ultimately to be preferentially transported to recipient lowland areas such as streams and 

wetlands when precipitation occurs (Paul and Meyer 2001, Wollheim et al. 2005). Such 

large DIN influx may exceed the biological demand for growth, resulting in 

eutrophication of urban waterways (Carpenter et al. 1998). 

Humans increase DIN supply through applying nitrogen fertilizer, cultivating 

plants, importing nitrogen in food and feed, and increasing atmospheric nitrogen 

deposition (Boyer et al. 2002). Nitrogen fertilizer is used in the context of both 

agricultural activities that are often closely linked to urban landscapes and residential 

areas for maintaining greenspaces (Kaye et al. 2006). Many agriculturally important 

crops are associated with nitrogen-fixing microorganisms and therefore further increase 

DIN supply in ecosystems (Vitousek et al. 1997). Urban areas import nitrogen in food for 

humans and feed for livestock (Boyer et al. 2002). Nitrogen in human food generally 

becomes part of the sewer system, with exceptions for cities that have combined sewage 

outflows when stormwater overwhelms the sewer system. Municipal effluent that is high 

in DIN is often directly discharged to urban waterways. Livestock and pet waste can 
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become a non-point source of nitrogen to waterways. Fossil fuel combustion leads to 

higher atmospheric deposition in urban landscapes (Baker et al. 2001). As a result of 

these activities, DIN supply in urban ecosystems is much higher than surrounding 

landscapes. One consequence of greater supply is that the magnitude of retention and 

removal can increase; however, the proportion of retention may fall as the DIN supply 

saturates the ecosystem demand. 

Urban ecosystems have lower capacity for DIN retention and removal due to a 

reduced biological community for uptake and higher runoff that lowers residence time on 

the landscape (Caraco and Cole 1999, Paul and Meyer 2001, Peterson et al. 2001). 

Headwater streams and surrounding hillslopes account for the majority of the DIN 

retention and removal in watersheds (Peterson et al. 2001, Wollheim et al. 2017), but 

urban areas develop over these parts of the landscape (Beaulieu et al. 2015). Widespread 

impervious surface cover in cities increases water runoff and decreases water residence 

time on the landscape, both of which can decrease DIN retention and removal and 

increase export (Caraco and Cole 1999, Paul and Meyer 2001). Traditionally, urban 

infrastructure was designed to quickly move water from the landscape into storm sewers 

and detention areas to prevent flooding hazards. As a result, storm flows in urban streams 

are flashy: they have higher peak flow, rapid rise, and rapid return to baseflow (Walsh et 

al. 2005). These powerful storm flows can scour plant, algal, and microbial communities, 

removing the biological demand for nutrients along flow paths. The cumulative effect of 

these changes is that the higher DIN supply in urban ecosystems is preferentially 

transported to aquatic systems, potentially impairing water quality and leading to 

eutrophication (Paul and Meyer 2001). 
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Urbanization moves the dominant site of DIN retention and removal downslope. 

Retention and removal of DIN in the urban landscape takes place preferentially in 

recipient aquatic systems rather than hillslopes and headwater streams that are important 

in less developed watersheds. Even small precipitation inputs result in water and DIN 

export to downstream recipient aquatic ecosystems rather than redistributing resources 

across the landscape. As a result, these downstream systems—including streams, 

wetlands, and lakes, as well as detention and retention basins—become the primary sites 

of DIN retention and removal. Dissolved inorganic nitrogen can accumulate in the 

systems to very high concentrations, saturating the biological demand of the system 

(Mulholland et al. 2008). As demand saturates, dissimilatory nitrogen transformations 

can become important in these systems (Burgin and Hamilton 2007), including 

denitrification (Newcomer et al. 2012) that permanently removes nitrogen from the 

system, and dissimilatory nitrate reduction to ammonium (Bernard et al. 2015) that 

retains nitrogen as ammonium, which is less mobile than nitrate.  

My research takes place in central Arizona in the southwestern US, where a 

network of dryland streams is a large portion of the water supply to urban and non-urban 

areas. The Salt and Verde River watersheds feed several reservoirs that modulate 

seasonal and interannual variability in surface water supply. Just below the confluence of 

the two rivers and upstream of the Phoenix metropolitan area, all water in the river 

channel is diverted into municipal and agricultural water supply canals. As a result, the 

Salt River is dry for much of its length in the city (Bateman et al. 2015). The Salt-Verde 

water combined with groundwater and Colorado River water (from the Central Arizona 

Project aqueduct) supply the nearly five million people living in metropolitan Phoenix 
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(Guhathakurta and Gober 2007). Approximately three-quarters of residential water is 

used outside for swimming pools and landscape irrigation (Mayer et al. 1999). Some of 

this outdoor water flows into the sewer system. Phoenix has a separated sewer system 

and the Salt River channel forms part of the stormwater infrastructure. Some of the water 

applied to the urban landscape drains through the sewer system to storm drains along the 

Salt River (Bateman et al. 2015, Palta et al. 2017). In some locations, the leaky urban 

system is providing a perennial source of water to the channel, and “accidental” wetlands 

have developed near these drains (Bateman et al. 2015, Palta et al. 2016, 2017). Thus, in 

Phoenix, dryland stream networks converge upstream of the city where the water is then 

diverted and combined with other water sources, dispersed over the landscape with some 

eventually returning to the stream channel through the storm sewer system.  

In this dissertation, I ask: What is the balance of nitrogen transformation, 

transport, and retention in dryland watersheds, and what is the fate of nitrogen export in 

urban ecosystems? I addressed this question from three perspectives. First, I modeled 

how the spatial pattern in nitrate loading to a dryland stream network varies across rainy 

and dry seasons. Second, I examined how biological nutrient processing in hillslopes 

affects flood nutrient export and concentration in a desert stream. Third, I tested how 

fluctuations in nitrate concentration in an urban wetland change the types of nitrate 

transformations. 

Chapter 2 examines how seasonal precipitation affects the rate of nitrate loading 

from surrounding hillslopes to a dryland stream network. During rainy seasons, there is 

more water available to transport nitrate from the landscape to the stream; however, there 

is also more biological activity that may increase nitrate retention on the landscape. Such 
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studies are common in mesic systems and ecosystems heavily affected by nitrogen 

pollution, but they rarely take place in dryland ecosystems (Caraco and Cole 2001). 

Dryland stream modeling is difficult because the water balance often violates common 

assumptions in hydrologic modeling such as discharge increasing with increasing 

drainage area. In addition, water withdrawals for irrigation and water returns make 

completing a water balance for these systems difficult. Globally, more than 20% of the 

urban population lives in areas that are classified as semiarid or drier (McDonald et al. 

2011), so understanding the dynamics of water supply and quality in these regions is a 

pressing issue.   

Chapter 3 explores how biological nutrient processing and retention between 

floods in an intermittent stream channel affects the nutrient concentration and export in 

flood water. Many temporary streams are only connected to the larger stream network 

during floods and floods can represent the majority of the nutrient export to downstream 

ecosystems (Ye and Grimm 2013, Welter and Fisher 2016). Since the biological 

community is water-limited, smaller water inputs that do not generate flood conditions 

may affect nutrient accumulation and processing in the catchment (Welter et al. 2005, 

Collins et al. 2014). Understanding how the biological activity between these floods 

tempers nutrient export is important for understanding the tremendous variability in flood 

nutrient loads. 

Chapter 4 experimentally tests the mechanisms of nitrate attenuation in an urban 

wetland system impacted by high nitrate inputs from the urban landscape. Both 

denitrification and DNRA consume nitrate; however, denitrification permanently 

removes nitrogen from the system while DNRA retains nitrogen as the biologically 
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reactive ammonium form. Both transformations require similar environmental conditions; 

however, DNRA has received far less research attention than denitrification (Burgin and 

Hamilton 2007). The balance of these two reactions determines to what extent these 

wetland systems remove reactive nitrogen or conserve reactive nitrogen. 

In Chapter 5, I summarize the findings of this dissertation and discuss their 

implications for other dryland and urban ecosystems, as well as for the fields of ecology 

and hydrology. 
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Figures 

 

 
Figure 1.1. Two conceptual watershed models. While the common conceptual model of 

watersheds is based on a perennial stream network with baseflow discharge and a 

converging flow network, many, if not most, watersheds do not adhere to this model. 

Most watershed have a mixture of perennial and temporary sections with seasonal and 

interannual variation in supply and demand for nitrogen, precipitation inputs, and 

discharge conditions. Common human alterations to watersheds include dams and 

diversions for community water supply. 
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Figure 1.2. A simplified version of the nitrogen cycle. Dashed arrows represent additional 

or higher fluxes in human-influenced ecosystems.   



  12 

 

Figure 1.3. Conceptual diagram of the fate of nitrogen based on water availability in 

dryland (left) and urban (right) watersheds. In drylands, increasing water availability will 

increase biological activity and therefore processing and retention of nitrogen in the 

uplands and stream network. In urban areas, the biological community is reduced and 

therefore less retention occurs for the same water input. In drylands, storms of varying 

sizes redistribute nitrogen along hillslopes and from hillslopes to the stream network, 

connecting nitrogen to the organisms that can retain the element. Only large storms that 

generate floods will result in export rather than redistribution and retention of the 

nitrogen. In urban areas, the water infrastructure favors efficient removal of water from 

the landscape into streams and sewers, favoring export to downstream recipient systems 

rather than redistribution within the watershed. Figure modified from Welter et al. 

(2005).
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CHAPTER 2 

SPATIAL PATTERN IN NITRATE LOADING CHANGES WITH STREAM 

NETWORK CONNECTIVITY IN A DRYLAND ENVIRONMENT 

 

Abstract 

 Dryland ecosystems have high seasonal and interannual variation in precipitation 

and stream discharge, but their effect on stream nitrate loading is poorly understood. I 

investigated the role of seasonal precipitation in driving hydrologic connectivity between 

landscape and stream with respect to nitrate loading. I conducted four seasonal synoptic 

surveys of stream water discharge and chemistry (two during dry seasons and two during 

rainy seasons) and coupled these with experimental measurements of stream nitrate 

uptake. These data served as inputs to a mass-balance model of stream network nitrate to 

determine the landscape-to-stream nitrate flux. The spatial variation in nitrate loading 

within seasons exceeded across-season variation. Three of the surveys took place when 

only the perennial sections of the stream network had surface water, these surveys had 

similar spatial patterns in nitrate loading. Nitrate loading was positively correlated with 

agricultural land use and wetland area. Surface water irrigation diversions transport 

nitrate from agricultural lands to the stream network year round, even during dry seasons. 

During the winter rainy season survey, a higher proportion of the network had surface 

water, including tributaries and headwaters. This winter survey had a different pattern of 

nitrate loading than other seasons, likely driven by snow melt in the headwaters and a 

reduction in irrigation and fertilizer use near the watershed outlet. These data suggest 

seasonal differences in water sources can change patterns in stream nitrate loading and 
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that human activities, such as irrigation, can enhance hydrologic connectivity between 

landscapes and streams, even during dry seasons. 

 

Introduction 

 Nitrogen loading to streams has consequences for stream ecosystem function and 

services. This is particularly important for nitrate, a biologically reactive form of nitrogen 

that can act as an aquatic pollutant if present in high concentrations. Understanding 

nitrate loading to dryland stream networks is especially important because these systems 

account for two-fifths of terrestrial land (Bastin et al. 2017) but have received less 

research focus than mesic ecosystems (Caraco and Cole 2001). Dryland stream networks 

are challenging to model because they do not adhere to many common assumptions in 

watershed modeling (Helton et al. 2011). For example, drylands are characterized by high 

seasonal variability in precipitation such that streams lack defined baseflow conditions 

and often are highly altered to supply irrigation and drinking water. As a result, we lack 

understanding of nitrate cycling in dryland streams at the network scale. Therefore, the 

challenge is to incorporate seasonal variation in hydrology and human-caused 

discontinuities in network structure into a watershed model to understand the controls on 

nitrate delivery between landscape and stream at the network scale. Understanding 

nitrogen cycling is drylands is critical as population, urbanization, and water modification 

begin to alter the nutrient and water balances of these ecosystems. 

 In this study, I asked how the magnitude and spatial patterns of nitrate loading to 

streams and uptake within streams varied across rainy and dry seasons for a dryland 

stream network. Across rainy and dry seasons in the summer and winter, I measured 
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stream nitrate uptake empirically and used synoptic surveys of concentrations, empirical 

estimates of uptake, and a mass balance model to estimate nitrate loading rates to streams 

for a whole stream network.   

Nitrate loading in dryland ecosystems differs from that in mesic systems because 

the high seasonal and interannual variability in precipitation leads to variability in 

hydrologic connectivity and biological nitrogen retention (Caraco and Cole 2001). 

Hydrologic connectivity varies over space and time due to seasonal and spatial variation 

in precipitation, temperature, and topography. Only the precipitation that becomes runoff 

can increase connectivity between landscapes and stream and the amount of runoff is 

sensitive to temperature and the potential evapotranspiration. During the dry and hot 

summer months in the U.S. Southwest, much of the precipitation input is almost 

immediately transferred back to the atmosphere. Any water remaining generates runoff 

that can carry entrained particles and dissolved nutrients from uplands to the stream 

network via interflow, groundwater flow, or overland flow. Seasons with high rainfall or 

snow melt and low evapotranspiration have high runoff and thus greater connection 

between terrestrial sources of nitrogen and stream ecosystems (Stieglitz et al. 2003, 

Jencso et al. 2009). During extended dry periods between rains, the upland–stream 

connection may be limited to groundwater and there can be significant lag times between 

water sources and eventual loading to stream (Van Meter and Basu 2015). During these 

periods of low connectivity to landscape sources of nitrogen, streams may rely more on 

internal recycling of nitrogen (Grimm 1987). Thus, variability in connectivity has 

consequences for nitrogen transport.  
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Nitrogen loading to stream ecosystems is modified by nitrogen removal along the 

flowpaths between source and stream. In water-limited upland ecosystems nitrogen 

removal is closely tied to precipitation inputs. Precipitation prompts pulses in biological 

activity that are generally proportional to the size of the event (Ludwig and Tongway 

1997, Belnap et al. 2005, Collins et al. 2008, 2014). Larger precipitation inputs can 

deliver water deeper into the soils, thus generating both microbial and plant responses 

(Huxman et al. 2004, Sponseller 2007, Collins et al. 2008). On longer timescales, seasons 

with higher precipitation support high biological activity (Carbone et al. 2008). 

Precipitation inputs also move nutrients between landscape patches distribution to 

organisms that process, uptake, and retain the nutrients (Belnap et al. 2005). Thus, 

precipitation increases hydrologically mediated nutrient connectivity between landscape 

units. However, periods or seasons with higher hydrologic connectivity may not 

necessarily have higher nitrogen loading to streams because of elevated biological 

nitrogen processing and retention along upland flowpaths. 

A spatially explicit approach to evaluating nitrogen loading to stream networks is 

important for (1) identifying control points in the watershed that are disproportionately 

high or low contribution to loading, and (2) identifying relationships between landscape 

activities and nutrient loading (Caraco and Cole 2001, Bernhardt et al. 2017). Activities 

such as fertilizer application, construction that promotes soils erosion, livestock 

operations, and fish hatcheries are all potential nitrogen sources (Carpenter et al. 1998) 

that vary in space and time. The variation in nitrogen pools across a watershed combined 

with varying connections between the sources and the stream make understanding the 

dynamics of nitrogen loading to stream difficult to investigate at large scales; however, 



  21 

this research is needed if a mechanistic understanding of the processes leading to nitrate 

loading is the goal.  

Network modeling is increasingly used to investigate the dynamics of nitrogen 

cycling at the watershed scale. Many studies conducted at the river reach scale have 

increased our understanding of the biogeochemical reactions that retain and remove 

nitrogen from the water column in streams. Likewise, many studies have evaluated the 

extent of watershed attenuation of nitrate through mass balance via input-output budgets. 

Increasingly, network modeling is bridging the gap between these two approaches by 

applying the biogeochemical dynamics for nitrate at the reach scale to whole river 

networks based on the location and timing of nitrate inputs to the watershed (Helton et al. 

2011). Network modeling approaches include deterministic (Mulholland et al. 2008, 

Helton et al. 2011) and statistical approaches (Alexander et al. 2000, Seitzinger et al. 

2002). 

In this study, I expected to find seasonal variation in nitrate loading due to 

seasonal differences in water availability for forming hydrologic connections between 

land and stream and for fueling biological community activity that retains and removes 

nitrate from flowpaths. I expected to find spatial variation in nitrate loading within 

seasons due to the human activities in the watershed, which alter the amount of nitrate on 

the landscape and connectivity between land and stream.  I specifically tested three 

alternative hypotheses: (1) Nitrate loading to streams is higher during rainy seasons than 

dry seasons because hydrologic connectivity is higher; (2) nitrate loading is similar across 

seasons because higher hydrologic connectivity is concurrent with higher biological 

nitrogen processing and retention; and (3) nitrate loading differs across seasons because 
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different sources of water connect the stream to different sources of nitrogen. I combined 

field survey data with experimentally determined nitrate uptake rates as inputs to a mass-

balance spatial model of stream network nitrate dynamics. I applied this approach across 

four seasons in a dryland watershed in central Arizona, U.S. 

 

Methods 

Site description 

This research was conducted in Oak Creek, a sub-watershed of the Verde River 

watershed in the transition zone between the Basin and Range Province and the Colorado 

Plateau in Arizona, U.S. The creek originates at an elevation of 2,300 m in ponderosa 

pine forest and descends through pinyon-juniper and high desert ecosystems to its 

confluence with the Verde River at 950 m elevation. Central Arizona has two rainy 

seasons separated by two dry seasons. The main stem of Oak Creek is perennial, as are 

short sections of three spring-fed tributaries. The remainder of the network is temporary, 

with some channels running seasonally and many others supporting surface flow only 

during large floods. Land use in the Oak Creek watershed is mostly undeveloped, but it 

does include some developed and agricultural land associated with small villages. There 

are two fish hatcheries in the watershed that rely on springs for water supply and then 

discharge water to the main channel of Oak Creek (Oak Creek Watershed Council 2012). 

Residential and agricultural areas are irrigated through a combination of diverted stream 

water and groundwater wells, which may increase the hydrologic connection between 

landscapes and adjacent stream segments. Portions of the creek are impaired due to 

elevated fecal coliform from human, pet, livestock, and wild animal waste (Southam et 
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al. 2000). Some segments of the creek receive groundwater inputs with elevated coliform 

counts and phosphate concentrations derived from residential septic systems (Oak Creek 

Watershed Council 2012).  

Synoptic sampling 

 I conducted four seasonal synoptic surveys of stream water chemistry and 

discharge across the Oak Creek watershed. Surveys took place in 2017 on February 25 

and 26 (winter snow melt), June 27 and 28 (summer dry season), September 29 and 30 

(post summer rainy season), and November 10 and 11 (winter dry season). During each 

survey, I sampled surface water at between 25 and 29 sites (depending on presence of 

surface water) across the Oak Creek main stem, tributaries, and irrigation ditches (Figure 

2.1). I targeted locations above and below confluences and irrigation diversions. Most 

sites were accessed via public lands. A smaller subset was accessed via private land with 

permission. Often, only one site along an irrigation ditch was accessible and in these 

cases I assumed that discharge was uniform across the length of the diversion. At each 

site, I collected duplicate, field-filtered water samples (0.45 µm GFF syringe filter, Fisher 

Scientific). Grab samples were stored in a cooler on dry ice until returned to the lab 

where samples were stored at 0℃ until analysis. Nitrate/nitrite and chloride concentration 

were analyzed using a Lachat QC 8000 flow injection analyzer (Lachat Instruments, 

Loveland, CO). At each water sample collection site, I estimated discharge. At sites 

where discharge exceeded 200 L/s I measured cross-sectional area and water velocity. In 

locations where discharge was <~200 L/s I used dilution gauging.  

Nitrate uptake experiments 
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 To determine the nitrate uptake rate in Oak Creek and its tributaries, I conducted 

seasonal nutrient-spiraling experiments (Newbold et al. 1981). Sodium chloride and 

sodium nitrate were dissolved in stream water in a bucket to create a concentrated 

solution that would raise the nitrate concentration by 50 µg/L and the chloride 

concentration by 6.5 mg/L at the downstream collection location when added in a single 

pulse. I conducted the experiments on the main stem of Oak Creek in 2017 on April 19, 

June 22, September 27, and November 13, and in Spring Creek, a perennial tributary, on 

March 22, June 21, September 18, and November 8, 2017. I did one experiment in Dry 

Creek on March 10, 2017, during the only period when this tributary had surface water. 

This was a total of nine nitrate uptake experiments. The reach lengths from the injection 

point to the collection point were 710, 400, and 370 m for Oak, Spring, and Dry Creeks, 

respectively. The chloride- and nitrate-enriched water was added to the stream 

instantaneously and monitored at the collection location with a conductivity meter (either 

YSI 556 MPS, YSI 600 XLM, YSI DSM Pro or Eureka Manta) and a SUNA nitrate 

sensor (Sea-Bird Scientific, Bellevue, WA). I collected background grab samples at the 

downstream collection point prior to the solute addition and 25-30 grab samples 

distributed across the breakthrough curve at the collection location. All grab samples 

were collected in duplicate in 500 mL HPDE Nalgene bottles; subsamples were poured 

into 50 mL centrifuge tubes for transport to the lab on ice and then storage at 0℃ until 

analysis. All nitrate and chloride concentrations were determined with a Lachat QC 8000 

flow injection analyzer (Lachat Instruments, Loveland, CO, USA); nitrate is reported as 

mass of nitrogen (i.e., nitrate-nitrogen). 
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 I processed data from the experiments using the TASCC method described by 

Covino et al. (2010). Briefly, conductivity data were interpolated to one-minute-intervals 

to match the nitrate data for the breakthrough curve. The first-order uptake-rate 

coefficient was calculated for each sample collected over the breakthrough curve by 

taking the log of the background-corrected ratio of nitrate to the specific conductivity in 

the sample divided by the same ratio in the injection solution all divided by the distance 

between the injection and collection points. Uptake length was calculated for each sample 

by taking the inverse of the uptake coefficient. A regression between the uptake length 

and the nitrate concentration of the sample was used to estimate uptake length at the 

ambient nitrate concentration by extrapolation. This ambient uptake length was used to 

calculate a vertical uptake velocity and an areal uptake rate for each point on the 

breakthrough curve. I used a travel-time correction to control for the differing amounts of 

time each sample had in the stream prior to collection.  

 

Modeling 

I used an inverse model to estimate spatial patterns in nitrate loading rates to 

streams in the Oak Creek watershed based on the synoptic survey data (Mulholland et al. 

2008, Helton et al. 2011). The model estimates the loading rates necessary to reproduce 

the observed spatial patterns in nitrate concentration and discharge, given the 

experimentally determined nitrate uptake rates. The model calculates the mass of nitrate 

and discharge using a steady-state mass-balance approach, in which incoming fluxes are 

subtracted from outgoing fluxes for each stream segment. Discharge (Q, in m3/d) for each 
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reach is calculated by subtracting outgoing water fluxes from incoming water fluxes 

according to the following equations 

𝑄𝑝 =  (∑𝑄𝑝−𝑙𝑖
+  𝑄𝐿) − (𝑄𝑤 + 𝑄𝑝+𝑙𝑖

)         Eq 2.1 

and 𝑄𝐿 =  𝐴𝑝 ∙  𝑌𝑝,          Eq 2.2 

where Qp is the discharge in stream reach p, ΣQp-li is the sum of the discharge of all 

upstream reaches contributing discharge to stream reach p, QL is the discharge from the 

adjacent drainage area, Qw is water withdrawal from reach p, Qp-li is the discharge to the 

next downstream reach p+1, Ap is the area of the catchment draining directly to stream 

reach p, and Yp is the per unit drainage area water yield to stream reach p. Nitrate flux (N, 

in g/d) is modeled similarly by subtracting the outgoing dissolved nitrate flux from 

incoming fluxes 

𝑁𝑝 =  (∑𝑁𝑝−𝑙𝑖
+  𝑁𝐿) − (𝑁𝑅 +  𝑁𝑝+𝑙𝑖

)      Eq 2.3 

and 𝑁𝐿 =  𝐴𝑝 ∙  𝐿𝑝,         Eq 2.4 

where Np is the nitrate flux in stream reach p, ΣNp-li is the sum the nitrate flux from all 

upstream reaches contributing nitrate to stream reach p, NL is the nitrate flux from the 

adjacent drainage area, NR is the in-stream nitrate uptake from reach p, Np+li is the nitrate 

flux to the next downstream reach p+1, Ap is the area of the catchment draining directly 

to stream reach p, and Lp is the nitrate loading rate per unit drainage area to stream reach 

p. For each stream reach, the mass of nitrate removed (NR, in g/d) is equal to the total 

nitrate flux in the stream reach times the fractional removal factor (R) 

𝑁𝑅 =  𝑅 ∗  𝑁𝑝.         Eq 2.5 

The fractional removal factor is determined according to the following equation from 

Wollheim et al. (2006) 
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𝑅 = 1 − 𝑒
(

−𝑣𝑓
𝐻𝐿

⁄ )
,          Eq 2.6 

where 𝐻𝐿 =
𝑄𝑝

𝑆𝐴𝑝
⁄ ,          Eq 2.7 

and vf is the experimentally determined vertical uptake rate for nitrate (in m/d). The 

vertical uptake is normalized by hydraulic load (HL, in m/d), which is a measure of the 

rate of water passage through the stream relative to the benthic surface area. Hydraulic 

load is calculated by dividing the discharge (Qp, in m3/d) by the surface area (SAp, in m2, 

calculated as stream length times average width). Average stream width (w, in m) is 

estimated as  

𝑤 = 𝑎𝑄𝑏, 

where a and b are the width coefficient, which controls the scaling, and width exponent, 

which controls the rate of increase, respectively (Leopold and Maddock 1953). Both a 

and b were determined from field survey data within each sampling period (Table 2.1). 

The model was implemented for the flowing sections of the stream network, 

which varied in extent between synoptic surveys. The model was implemented for 

subcatchments composed of the incremental drainage area for each point sampled in each 

synoptic survey (the entire drainage area to the sampling location minus the drainage 

areas to any upstream sampling locations). The stream channels (both flowing and non-

flowing) in each subcatchment were further divided into 1000-m segments and the 

drainage areas connected to these segments. Lateral water yield to each subcatchment 

was calculated by subtracting the discharge at the next most upstream point from the 

discharge at the base of the subcatchment and dividing by the area of the sum of the 

flowing 1000-m subcatchments. For net losing sections, a water withdrawal term was 
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added. To simulate gross water yield to these losing sections, I applied the water yield 

from the subcatchment that had the highest discharge within the survey and removed the 

same amount of water through the withdrawal term. Non-flowing subcatchments were 

assigned a lateral water yield near zero. Discharge in agricultural ditches was assumed to 

remain constant over their length. Once the model was parameterized to reproduce the 

measured discharge from each synoptic survey, I used a model-independent parameter 

estimator (PEST 16.0, Model-Independent Parameter Estimation & Uncertainty 

Analysis), to determine the nitrate loading rates necessary to reproduce each synoptic 

survey concentration datum. 

Land cover analysis 

 To relate nitrate loading to land cover variables, I acquired the 2011 National 

Land Cover Database and the 2017 Cropland Data Layer (USDA-NASS 2017). I found 

the total developed, agricultural, and wetland land use/cover within the flowing 

subcatchment area and for each of the 1000-m stream-segment catchments. I evaluated 

the relationship between these land cover metrics and the stream nitrate loading through 

correlation analysis. All statistical analyses were performed in R (R Core Team 2018). 

 

Results 

Synoptic Surveys 

The mean annual discharge for Oak Creek is highly variable with a coefficient of 

variation of 1. The discharge in the year of the study was 33% greater than the annual 

mean discharge for the period of record (1941 - 2017). The mean discharge values for the 
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months when the surveys were conducted were similar to the mean for the period of 

record in June (percent difference from mean, -1) and in September (-12). The discharge 

in February was much higher than the monthly mean (+133) and in November was lower 

than average (-46; Figure 2.2). The flowing catchment area was 54% larger in February 

(279 km2) than during the other campaigns (181 km2) because a tributary and a portion of 

the headwaters were flowing during this campaign (Figure 2.3). Median discharge in the 

main channel was highest during the February campaign (2.82 m3/s) and lowest during 

the June campaign (0.62 m3/s; Figure 2.4). Similarly, the February campaign had the 

highest coefficient of variation in discharge across all sites including the main channel, 

tributaries, and irrigation ditches. June had the lowest coefficient of variation (1.53 and 

0.94). Nitrate concentration varied from below the detection limit of the Lachat (< 0.005 

mg/L) to 0.236 mg/L (Figure 2.5). The highest concentrations were in ditches. Chloride 

concentration varied from below the detection limit of the Lachat (<1.25 mg/L) to 36.7 

mg/L (Figure 2.6). 

Nitrate Uptake 

Stream nitrate uptake velocity was high relative to other studies of nitrate uptake 

(Hall et al. 2009b), with a mean of 8.6 mm/min (range = 3.27 to 13.89 mm/min) and did 

not vary significantly based on nitrate concentration, stream size, or season in which the 

experiment was conducted. Areal nitrate uptake rates varied from 0.002 - 0.129 mg m-2 

hr-1. 
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Nitrate Loading 

Nitrate loading was highly spatially variable, spanning seven orders of magnitude, 

including negative and positive values across the four synoptic surveys (Figure 2.7). 

Negative nitrate loading rates suggest there was not sufficient uptake capacity in a stream 

reach to achieve the measured nitrate concentration, i.e., that nitrate concentration was 

lower than would be predicted based on the upstream concentration and uptake rate. 

Nitrate loading ranged from -1.25 to +51.33 kg N km-2 d-2. There were no significant 

differences for mean nitrate loadings rates across seasons (Linear regression: F3,75=0.996, 

p > 0.05) Spatial variation in nitrate loading was higher within seasons (mean CV = 2.4) 

than the variation across seasons (CV = 0.68). Nitrate loading during dry seasons in June 

and November were significantly spatially correlated with each other (Pearson 

correlation: t=6.05, r=0.886, p=0; Figure 2.8). The rainy season nitrate loading September 

campaign was also significantly correlated to the June and November campaigns 

(Pearson correlation: Jun t=7.83, r=0.896, p=0; Nov t=9.7, r=0.933, p=0). There was a 

significant negative correlation between total subcatchment area and nitrate loading in 

June and September; in other words, smaller subcatchments tended to have higher nitrate 

loading. This relationship disappeared if the nitrate loading rates were compared to the 

adjacent flowing subcatchment area. 

Nitrate loading was significantly related to land use and land cover in some 

seasons. Nitrate loading was significantly positively correlated to the proportion of 

wetland area in June (Pearson correlation: t=2.79, r=0.572, p=0.013), September (t=2.51, 

r=0.509, p=0.022), and November (t=2.7, r=0.56, p=0.016; Figure 2.9), but not in 
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February. Nitrate loading was also significantly correlated to the proportion of 

agricultural land cover in June (t=2.99, r=0.599, p=0.009), September (t=2.43, r=0.497, 

p=0.026), and November (t=3.1, r=0.612, p=0.007; Figure 2.10). Wetland and 

agricultural land cover were also significantly correlated across all seasons (Table 2.2), 

but a multiple linear regression that included both as explanatory variables for nitrate 

loading did not significantly increase the amount of variation explained (data not shown). 

Nitrate loading was not related to the proportion of developed land cover in any season, 

nor to any land-cover variable in February. Nitrate loading had a wide range of values in 

locations with low lateral water yield, but catchments with high lateral water yield had 

high nitrate loading rates (Figure 2.11). 

 

Discussion 

Seasonal variability in stream nitrate loading is a function of watershed hydrology 

(Fisher et al. 2004, Meixner et al. 2007), the climate and topography (Holloway et al. 

1998, Howarth et al. 2006), nitrogen inputs to the landscape (Galloway et al. 2004), and 

the net result of uptake, retention, and release by biota. The primary goal of this study 

was to determine whether seasons with higher hydrologic connectivity between landscape 

and stream would result in higher nitrate loading to the stream network. I found that rainy 

seasons were not statistically different from dry seasons in terms of nitrate loading, 

despite variation in discharge. I also found that spatial variation was much higher than 

seasonal variation. Possible explanations for this finding include (1) hydrologic 

connectivity is higher, but biological retention of nitrogen in the uplands is also higher in 
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wet seasons or (2) stream discharge is supported by different sources of water (of 

different nitrate concentration) in rainy and dry seasons.  

Hydrologic connectivity varied across seasons as evident from differing lateral 

water yield, stream discharge, and extent of the flowing river network across seasons. 

There was higher precipitation during the winter snow-melt season and the summer rainy 

season compared to the summer and winter dry seasons. More precipitation leads to a 

higher potential for connectivity between the landscape and the stream. Lower 

temperature in the winter seasons produces less evaporative demand for water and a 

higher proportion of the precipitation is available to infiltrate and flow overland, 

potentially increasing connectivity between landscape and stream (Gardner and McGlynn 

2009). Higher lateral water yield and stream discharge in the winter seasons (February 

and November) may be attributed to a lower rate of evapotranspiration. In addition, the 

extent of the network with flowing surface water was highest in the February campaign 

that was preceded by rain and snow inputs. Finally, less water is appropriated during the 

winter seasons for irrigation. In contrast, the summer dry season campaign has high 

irrigation demand. The discharge in the lower section of the watershed is lowest in June, 

whereas a sharp increase in discharge for this same section is observed in all other 

seasons. Therefore, hydrologic connectivity between the landscape and the stream 

network was likely higher in the winter seasons compared to the summer seasons. 

Biological nitrate demand was high across all seasons in the stream. Rainy 

seasons may have more hydrologic connectivity between landscape and stream, as well 

as high biological nutrient retention in the uplands, which has consequences for nutrient 

delivery to streams (Belnap et al. 2005, Welter et al. 2005, Collins et al. 2014). Small 
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precipitation inputs can prompt large increases in nutrient transformations and growth for 

the soil microbial community, with increasingly large inputs resulting in an heightened 

activity from progressively more components of the biological community (Collins et al. 

2014). Nitrogen demand in the uplands increases with higher precipitation inputs in 

dryland systems (Gebauer and Ehleringer 2000). The result is that seasons with higher 

precipitation have higher biological demand for nitrogen on the landscape; therefore, less 

nitrate is available for export to the stream network (Meixner et al. 2007, Harms and 

Grimm 2010). In addition, this study measured high nitrate uptake capacity in streams 

relative to streams across the United States. Hall et al. (2009) compiled 69 measurements 

of nitrate uptake in U.S. streams and found a median vertical uptake flux of 0.44 mm/min 

with a range from 0.024 to 17.9 mm/min. In comparison, the median vertical uptake flux 

for this study was higher, at 9.0 mm/min, and ranged from 3.3 to 13.9 mm/min. Thus, the 

aquatic systems in this study had high nitrogen demand. There were no detectable 

differences in stream nitrate uptake or stream nitrate loading across seasons, indicating 

that nitrate availability is limiting in streams across all seasons. 

Nitrate loading may have been different for the February campaign compared to 

all others because of the contribution of snow melt to stream discharge. The June, 

September, and November campaigns were likely drawing from similar nitrate sources 

because the nitrate loading rates were correlated among all pairwise comparisons of these 

three surveys. These surveys took place when only the perennial portions of the stream 

network had flowing surface water. The perennial stream comprises just 10% of the 

drainage network. The February survey took place during a period of snow melt and, 

consequently, closer to 16% of the drainage network was flowing. The nitrate loading 
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rates for the Feb survey were not correlated to those of any other survey, demonstrating a 

potential difference in water source and therefore potentially nitrogen sources in different 

seasons.  

Research in other dryland stream networks has shown distinct temporal and 

spatial patterns in groundwater contribution to streamflow depending on prior 

precipitation inputs that can affect the nitrate loading to the stream (Brooks and Lemon 

2007, Dent et al. 2007, Meixner et al. 2007). Meixner et al. (2007) found that the 

composition of flood water depended on antecedent water inputs to the system. For 

floods preceded by a dry season, nitrogen accumulated on the landscape and flood events 

were smaller, composed mostly of groundwater and shallow soil water with higher nitrate 

concentrations. Floods occurring after a rainy season had a higher proportion of overland 

flow and lower nitrate concentrations because the higher antecedent precipitation 

increased biological nitrogen retention. This suggests the February campaign may have 

had lower nitrate loading because moisture input from the snow melt increased 

processing and retention of nitrate. Brooks and Lemon (2007) found that precipitation in 

the rainy season flushed accumulated nutrients from shallow groundwater into the stream, 

thereby raising the stream dissolved organic nitrogen and nitrate concentrations. In this 

system, groundwater was the only consistent source of water to the main stem of the 

stream; rainy seasons supplemented groundwater with shallow soil water inputs. In Oak 

Creek, each of the June, September, and November surveys took place during baseflow 

periods, whereas the February survey took place at a time with active snow melt. 

Therefore, the February campaign likely had a distinct precipitation input with a distinct 

nitrate signal that was not present in the other surveys.  
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Chloride data also support the hypothesis that different water sources were 

present during the February campaign. Chloride concentration increased dramatically in 

the lower (0-25 km from outlet) section of the watershed for the June, September, and 

November surveys, but stayed relatively constant through this section during the 

February survey. In this lower section of the watershed, the chloride may be sourced from 

a combination of agricultural activity, because fertilizer contains some chloride 

(Lowrance et al. 1985), and from groundwater inputs that tend to be higher in chloride 

than precipitation (Brooks and Lemon 2007). Unlike in other surveys, the tributaries and 

irrigation ditches in the February campaign in the lower section of the watershed were 

low in chloride, indicating lower influence of agriculture and groundwater. The lower 

chloride combined with the high discharge during the February survey suggest that snow 

melt was the dominant source of water during this period.  

Nitrate loading was related to agricultural land cover in the June, September, and 

November campaigns, but not in the February campaign, and was unrelated to developed 

land cover in all surveys. Agricultural lands generate non-point source nitrogen pollution 

to aquatic ecosystems (Carpenter et al. 1998). The types of agriculture taking place in 

Oak Creek watershed include alfalfa and hay production (USDA-NASS 2017). Grass and 

pastures near the stream margin are likely used for livestock grazing. Most agricultural 

cover was within 200 m of the stream or an irrigation ditch. These locations will have 

higher hydrologic connectivity to the stream channel than do the more distant locations 

throughout the year because of irrigation. Water is removed from the stream via diversion 

and pumped from ditches or groundwater wells onto agricultural fields. As a result, some 

of the nitrate on these landscapes is transported back to the stream or ditch through 
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irrigation runoff or shallow soil water. The irrigation ditches had among the highest 

nitrate concentrations and nitrate loading rates, supporting the hypothesis that these sites 

were a primary source of nitrate to the streams. Nitrate loading was not related to 

developed land cover in any season, meaning either that there were no substantial 

nitrogen pools in these areas or that they were not connected to the stream during the 

surveys. Most areas with a higher density of developed land cover were some distance 

from the flowing stream channel, indicating there was likely a lack of hydrologic 

connectivity between these locations and the stream channel. 

Nitrate loading significantly increased with proportion wetland area, including 

both emergent woody and herbaceous wetlands that varied from 0 to 16% of the flowing 

subcatchment area. Most of the wetland area occurred directly along the stream margin. 

The positive correlation between wetland area and nitrate loading contradicts much 

previous research showing that more wetland area decreases nitrate loading to stream 

ecosystems (Peterjohn and Correll 1984, Hill 1996, Helton et al. 2011); however, in 

dryland ecosystems that are generally strongly nitrogen limited (Grimm and Fisher 

1986a, 1986b), water that moves through the stream margin can be a source rather than a 

sink for nitrate (Holmes et al. 1994, Schade et al. 2001). Generally, wetland ecosystems 

are considered nitrogen sinks because of high biological nitrogen assimilation and the 

capacity to permanently remove nitrate through denitrification. However, in dryland 

streams that are strongly nitrogen limited, organic nitrogen delivered to subsurface flow 

paths along the stream margin can undergo mineralization and nitrification, leading to 

higher nitrate at outwelling locations (Jones et al. 1995, Holmes et al. 1996, Fisher et al. 

1998). However, wetland and agricultural land cover were significantly positively 
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correlated. Multiple linear regressions that included both wetland and agricultural cover 

as explanatory variables for nitrate loading did not significantly increase the amount of 

variation explained. As a result, the relationship between nitrate loading and either one of 

these variables may be spurious with the patterns driven by one, but not both, land cover 

metrics. 

Comparing nitrate loading values from this study to the literature is difficult 

because these values represent nitrate loading from the landscape to the stream and are 

distinct from the stream nitrate uptake. The most comparable estimates come from the 

incremental total nitrogen load produced by the SPARROW model that incorporates 

stream-channel nitrogen retention. Nitrate can be near 90% of total nitrogen in dryland 

streams during stormflow but is generally closer to 0-10% at lower flows. If I 

conservatively assume that nitrate accounts for 20% of the total nitrogen in Oak Creek, 

then total nitrogen loading estimate range from 0.0005–254 kg N km-2 d-1 with a median 

of 1.05 kg N km-2 d-1 (Table 2.3). The median for Oak Creek is near the mean reported 

for Spain (Aguilera et al. 2012) and much of the US (Hoos and McMahon 2009, Brown 

et al. 2011, Moore et al. 2011, Rebich et al. 2011, Wise and Johnson 2011). High nitrate 

loading rates (>6  kg N km-2 d-1) identified in this study are also within the range of those 

reported for California’s Central Valley (Saleh and Domagalski 2015) and the Great 

Lakes basins (Robertson and Saad 2013), California and the  Great Lakes are both 

influenced by agriculture. Just 15% of the observations from this study are within the 

same order of magnitude or less than that measured for the dryland Orange River in 

South Africa (0.09 kg N km-2 d-1; Caraco and Cole 2001) and below the low range for 
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California (0.08 kg N km-2 d-1)(Saleh and Domagalski 2015). Thus, Oak Creek supports 

nitrate loading rates that span a range from very low to high nitrogen inputs. 

This study is among the first to quantify nitrate loading to a stream network in a 

dryland environment. Such investigations are common in more mesic ecosystems but are 

challenging to undertake in dryland contexts because these systems violate many 

common assumptions for hydrology and nutrient loading, such as the assumption that 

discharge increases with drainage area, because they often have gaining and losing 

reaches. Helton et al (2011a) found that representing the hydrology as a topographically 

driven flow accumulation failed to accurately represent the discharge of the Rio Grande 

River in New Mexico. The Rio Grande is dominated by flow-regulating structures such 

as dams, headgates, and diversions. I found that implementing discharge as a gross 

process, representing water both entering and leaving losing reaches, allowed simple 

model representation of the complex hydrology in Oak Creek. Oak Creek was chosen in 

part because the network has a regional aquifer that supplies flowing surface water year-

round, making seasonal comparisons possible even for the dry hot season. To deal with 

the size of the system that had to be sampled over a short period of time, I targeted 

sampling at points that would capture changes in hydrology and nitrate loading including 

tributary confluences, irrigation diversions and returns, and spring inputs. Finally, 

conclusions drawn from a single season or year should be treated with caution given the 

high interannual variation endemic to dryland ecosystems. This study was conducted in 

2017, which was the warmest year on record at the time and which had comparatively 

above-average precipitation in winter, but below-average precipitation in all other 

seasons (NOAA National Centers for Environmental Information 2018). Nitrate loading 
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was extremely spatially variable across the watershed during 2017. This high spatial 

heterogeneity overwhelmed seasonal variation in nitrate loading. However, nitrate 

loading likely varies more among years than within years, because of the high degree of 

interannual variability in precipitation in this dryland ecosystem. 
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Tables and Figures 

 

Table 2.1. Estimated value and standard error in parentheses of the relationship between 

stream width and discharge calculated for each synoptic survey. The width coefficient 

and exponent correspond to the a and b terms in equation 2.7. Significance levels are 

indicated with asterisks: p<0.05 (*), p<0.01 (**), p<0.001(***). 

Season Month Width Coefficient Width Exponent 

Summer Dry June 13.9 (1.4)*** 0.646 (0.175)** 

Summer Rainy September   0.002 (0.003) 0.719 (0.091)*** 

Winter Dry November   0.016 (0.014) 0.558 (0.072)*** 

Winter Rainy February   0.084 (0.082) 0.412 (0.076)*** 
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Table 2.2. Relationship between proportion agriculture and proportion wetland area cover 

for each synoptic survey as quantified by Pearson’s correlations.  

Season Month t r p-value 

Summer Dry June 3.559 0.653 0.002 

Summer Rainy September 4.243 0.707 <0.001 

Winter Dry November 3.567 0.654 0.002 

Winter Rainy February 4.038 0.680 <0.001 
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Table 2.3. Total nitrogen (TN) loading to streams from adjacent catchment area (lateral 

area draining to a stream segment, excluding any area draining to upstream segments) 

compared across literature values and to this study. Incremental total nitrogen (TN) load 

is the amount of nitrogen drained from the adjacent catchment minus the stream nitrogen 

uptake. Land-to-stream nitrogen load is the amount of nitrogen delivered to the stream 

prior to any stream uptake. 

 
  

Location Method Metric Measure TN Load      

(kg N km
-2
 d

-1
)

Reference

Orange River, S Afr Mass Balance Land to Stream Load Mean 0.09 Caraco and Cole 2001

Missouri River SPARROW Incremental Load Mean 0.92 Brown et al. 2011

South-Central US SPARROW Incremental Load Mean 1.01 Rebich et al. 2011

Spain SPARROW Incremental Load Mean 1.1 Aguilera et al. 2012

Pacific Northwest SPARROW Incremental Load Mean 1.3 Wise and Johnson 2011

Southeast US SPARROW Incremental Load Range 1.40 - 1.70 Hoos and McMahon 2009

Northeast US SPARROW Incremental Load Range 0.55 - 3.48 Moore et al. 2011

California SPARROW Incremental Load Range 0.08 - 795 Salah and Domalgaski 2015

Great Lakes Basins SPARROW Incremental Load Range 0.002 - 1263 Robertson and Saad 2011

Oak Creek, Arizona Mass Balance Land to Stream Load Range 5x10
-4
 - 254 This study

Oak Creek, Arizona Mass Balance Land to Stream Load Mean 12.05 This study
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Figure 2.1. Sampling locations across Oak Creek watershed and locations for nitrate 

uptake experiments. Between 25 and 29 sites were sampled each survey depending on 

presence of surface water and access. Insets show a) Dry Creek is a season without 

surface water Cr, b) the mainstem of Oak Creek, and c) an irrigation ditch.  

a 

b 

c 
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Figure 2.2: Discharge on the main stem of Oak Creek (USGS Gauge #09504500). Dots 

indicate when each sampling campaign took place. 
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Figure 2.3. Maps of Oak Creek watershed indicating the portions of the stream network 

that had flowing surface water during the (a) June, September, and November and (b) the 

February synoptic surveys.  

a b 
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Figure 2.4: Discharge in the main stem of Oak Creek for the (a) June, (b) September, (c) 

November, and (d) February surveys as a function of distance from the watershed outlet. 
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Figure 2.5: Nitrate concentration in the Oak Creek main stem (circles), tributaries 

(squares), and irrigation ditches (triangles) for the (a) June, (b) September, (c) November, 

and (d) February surveys as a function of distance from the watershed outlet. 
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Figure 2.6: Chloride concentration in the main stem (circles), tributaries (squares), and 

irrigation ditches (triangles) for the (a) June, (b) September, (c) November, and (d) 

February surveys as a function of distance from the watershed outlet. 
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Figure 2.7: Spatial distribution of nitrate loading rate for the summer dry season (June, 

top left), summer rainy season (September, top right), winter dry season (November, 

bottom left), and winter rainy season (February, bottom right). 
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Figure 2.8: Pairwise comparisons of seasonal nitrate loading rates for June, September, 

and November. Non-significant correlations with February survey data are not shown. 

Top panels are untransformed data, bottom panels are log-square transformed with 

Pearson’s correlation statistics and linear trendline with 95% confidence intervals. 
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Figure 2.9: Nitrate loading as a function of wetland area within the flowing subcatchment 

area for the (a) June, (b) September, (c) November, and (d) February surveys. Pearson’s 

correlation statistics for log-transformed nitrate loading rates are reported on each figure. 
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Figure 2.10: Nitrate loading as a function of proportion agricultural land use within the 

flowing subcatchment area for the (a) June, (b) September, (c) November, and (d) 

February surveys. Pearson’s correlation statistics for log-transformed nitrate loading rates 

are reported on each figure. 
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Figure 2.11: Nitrate loading as a function of lateral water yield.  
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CHAPTER 3 

STORM CHARACTERISTICS AND ANTECEDENT CONDITIONS DETERMINE 

FLOOD NUTRIENT EXPORT IN A DESERT STREAM 

 

Abstract 

 Temporary streams are common in all ecosystems but form the majority of 

streams in dryland ecosystems. These streams have limited connectivity to downstream 

ecosystems. Most of the annual export of water and nutrients to downstream ecosystems 

may occur during floods. I explored the variability in flood nutrient export based on how 

biological activity mediates the pool of potentially mobile nutrients and storm 

characteristics. We coupled flood water nutrient data with stream discharge and radar 

precipitation data from Sycamore Creek, an intermittent watershed in the Sonoran Desert 

of central Arizona, US. Nutrient export was primarily driven by water export rather than 

concentration. Flood water export increased with larger and more intense storms, which 

tended to occur in the winter months. Floods were also larger following higher antecedent 

precipitation inputs to the watershed, indicating channel water storage is substantial in the 

catchment. Larger storms resulted in higher dissolved organic carbon and total dissolved 

nitrogen export, likely because of effects of larger storms on flood water export. 

Likewise, nitrate loads were higher with more antecedent precipitation inputs. Biological 

nutrient removal and retention lowered the concentrations and loads of DOC and TDN in 

flood water when there were higher precipitation inputs, which alleviate water limitation 

of biological activity, in the season prior to the flood. Nitrate, ammonium, and soluble 

reactive phosphorus concentrations in stream water were insensitive to storm 
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characteristics and biological activity at seasonal timescales. This may indicate that these 

nutrients are sensitive to factors at shorter timescales, perhaps with transformations 

occurring during the floods. Increasing temperature in the region is expected to decrease 

flow conditions, which will make floods an even greater proportion of the annual budget 

of nutrient export to downstream ecosystems. Understanding the variability in flood 

nutrient export will be key to understanding future impacts on downstream water 

resources. 

 

Introduction 

Temporary streams may account for 30% of river length globally and more than 

half of the river length in the United States (Tooth 2000, Larned et al. 2010, Datry et al. 

2014). These streams are especially common in headwaters but can also occur in lower 

reaches due to water extraction (Larned et al. 2010). In drylands, temporary streams 

comprise much more than half of stream length (Meybeck et al. 2006, von Schiller et al. 

2017), making these ecosystems the predominant stream type of drylands. Despite the 

widespread distribution of temporary streams, only recently have these systems received 

a marked increase in research focus, especially relating to biogeochemistry (Larned et al. 

2010, Butman and Raymond 2011, Datry et al. 2014, Marcé et al. 2018, Arce et al. 2019), 

though there is a long history of ephemeral and intermittent stream research (Fisher et al. 

1982, 1998, Grimm and Fisher 1986b, Grimm 1987). This work demonstrates that over 

wetting and drying cycles temporary streams are a large source of carbon and nitrogen 

gases (Butman et al. 2018) and carbon, nitrogen, and phosphorus export in water (Ye and 

Grimm 2013, Arce et al. 2014). Indeed, temporary streams may be a large contributor of 
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greenhouse gas emissions from inland waters (von Schiller et al. 2014, Butman et al. 

2018, Marcé et al. 2018), and the carbon and nutrients (nitrogen and phosphorus) 

exported from temporary streams during floods can fuel primary productivity in 

downstream ecosystems and adversely affect water quality. The ubiquity of these streams 

across the globe make integrating them into our understanding of watershed 

biogeochemistry essential. In addition, warming due to climate change is expected to 

increase the global extent of temporary streams (Larned et al. 2010). 

Organisms are limited primarily by water in drylands. As a result, research in 

these systems has focused on pulses in activity associated with precipitation (Noy-Meir 

1973, Davidson 1992). Rain inputs can prompt increases in decomposition of organic 

matter (Schlesinger et al. 1990) and gaseous emissions of carbon (Xu et al. 2004) and 

nitrogen (Davidson 1992). Rainfall also stimulates microbial and plant productivity 

(Reynolds et al. 2004, Collins et al. 2008) resulting in higher nutrient assimilation 

(Belnap et al. 2005, Collins et al. 2008). The size of the precipitation event mediates the 

size of the response (Ludwig and Tongway 1997, Reynolds et al. 2004, Belnap et al. 

2005, Collins et al. 2008). Conceptual models have been developed that describe the 

sequence and relative rates of processes that are prompted by these water inputs (Ludwig 

and Tongway 1997, Belnap et al. 2005, Welter et al. 2005, Collins et al. 2008, 2014). 

However, these models were largely developed for the patch or hillslope scale, and are 

seldom applied to the watershed scale (but see Collins et al. 2014). Applying these 

models to the watershed scale may illuminate how pulse dynamics can lead to patterns of 

carbon and nutrient export in flood water from temporary dryland streams.  
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The extent of accumulation of potentially mobile carbon and nutrients on 

watershed hillslope surfaces, compared to that  retained or removed through biological 

uptake, may be related to the number and size of rain pulses producing biological activity 

between floods. In the absence of rain, organic matter, carbon, and nutrients accumulate 

in the watershed from litter production, atmospheric deposition, and cell death (Austin et 

al. 2004, Belnap et al. 2005). Small amounts of precipitation can prompt a large change 

in activity on hillslope soils (Belnap et al. 2005). A sudden change in soil water potential 

from dry to wet conditions releases soil and intracellular labile carbon and nutrients to the 

soil community that fuels the activity pulse (Fierer and Schimel 2003). These 

microorganisms increase their rates of decomposition (Birch 1958, Jarvis et al. 2007, 

Kurc and Small 2007) and nitrogen mineralization (Yahdjian and Sala 2010), 

transforming nutrients among organic and inorganic forms. These transformations can 

increase plant available nitrogen (Schwinning and Sala 2004), which is available for use 

during the following rain pulse (Ludwig and Tongway 1997, Belnap et al. 2005). 

Gaseous losses of carbon through soil respiration (Fierer and Schimel 2003, Jarvis et al. 

2007, Sponseller!) and nitrogen through denitrification (Yahdjian and Sala 2010) and 

ammonium volatilization (Schlesinger and Peterjohn 1991, McCalley and Sparks 2008) 

reduce extant soil nutrient and organic matter pools.  

 Progressively larger storms can penetrate the soils more deeply and raise the soil 

moisture such that the plant community responds (Ogle and Reynolds 2004, Reynolds et 

al. 2004, Collins et al. 2008). Different plants will respond to precipitation by increasing 

root activity, nutrient uptake, and net primary productivity depending on the antecedent 

soil moisture, the size of the rain input, and the community composition (Ogle and 
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Reynolds 2004, Reynolds et al. 2004). Based on the depletion of water, carbon, and 

nutrients, plant and microbial activity will slow in the aftermath of storms (Ogle and 

Reynolds 2004, Belnap et al. 2005, Sponseller 2007, Collins et al. 2008). The depletion 

rate will depend on soil cover such as plants and biological soil crusts, evapotranspiration 

rate, and depth to which the soil moisture increased. For example, surface soils will be 

the first to dry and surface microbial communities, such as biological soil crusts, will be 

first to down-regulate activity (Collins et al. 2008). Subsurface microbial and plant 

activity may be able to continue for a longer period because these communities rely on 

deeper soil moisture reserves that are slower to deplete (Ogle and Reynolds 2004, Collins 

et al. 2008). These processes continue until water, carbon, or nutrients limits community 

activity (Belnap et al. 2005, Collins et al. 2008).  

The pulse dynamics have been generalized further to incorporate water-mediated 

transfers of carbon and nutrients across the landscape when precipitation events are 

sufficiently large to generate overland and subsurface flow (Belnap et al. 2005, Welter et 

al. 2005, Collins et al. 2014). Intermediate-sized storms can redistribute materials across 

landscape patches, which are then subject to the potentially new biogeochemical 

conditions of the new patch (Belnap et al. 2005, Welter et al. 2005). Large storms can 

connect all landscape components, flushing any accumulated nutrients on the landscape 

into flood water (Welter et al. 2005, Welter and Fisher 2016). The transport rate for flood 

water generally exceeds the uptake and transformation rates for carbon and nutrients; 

therefore, high carbon and nutrient export in flood water results (Oldham et al. 2013). 

However, a high transport rate does not preclude any transformations from occurring 

during floods. For example, Welter et al. (2005) measured a loss in ammonium and an 
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increase in nitrate without a substantial change in DIN concentration in sheet flow, 

indicating that nitrification can be substantial during floods. Regardless of 

transformation, organic matter, carbon, and nutrient pools remaining at the end of these 

pulses can be subject to large scale transport across landscape patches when large flood-

generating storms occur (Ludwig and Tongway 1997, Belnap et al. 2005, Welter et al. 

2005, Collins et al. 2008, 2014, Raymond et al. 2016).  

When scaling these concepts to the watershed scale, it is important to consider 

how the activity in the stream channel is unique from hillslope responses. While hillslope 

soils can experience pulses, or hot moments, in activity associated with rain, stream 

channels act as biogeochemical hotspots of the landscape (McClain et al. 2003, Harms 

and Grimm 2008). Stream channels’ position at topographic low points in the landscape 

means that they accumulate water and materials (Welter et al. 2005, Datry et al. 2014). 

As a result, these systems support higher microbial and plant activity than surrounding 

hillslopes during periods without precipitation (von Schiller et al. 2017). For example, 

fragmented pools in drying stream channels accumulate ammonium (von Schiller et al. 

2017), alter dissolved organic matter composition (von Schiller et al. 2015), remove 

nitrate via denitrification (von Schiller et al. 2011), and release phosphate from sediments 

due to anaerobic conditions (Baldwin et al. 2000). Stream channels without surface water 

can retain elevated sediment moisture for an extended period relative to the surrounding 

hillslopes (Welter and Fisher 2016). Dry stream channels support nitrogen mineralization, 

nitrification, and denitrification, depending on the penetration of oxygen into sediments 

(Lillebø et al. 2007, McIntyre et al. 2009, Austin and Strauss 2011, Gómez et al. 2012, 

Arce et al. 2014, Merbt et al. 2016). Respiration rates of dry channels may account for 
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between 0.4 and 9% of global carbon dioxide emissions from stream channels (von 

Schiller et al. 2014). As the stream dries, evaporation concentrates nutrients in sediments 

(McLaughlin 2008). The net results of biogeochemical processes during drying/rewetting 

cycles are subject to export in floods (Arce et al. 2014).  

The extended periods that stream channels are active following precipitation may 

limit the applicability of pulse dynamics concept to watersheds (Collins et al. 2014); 

however, hillslopes constitute the vast majority of watershed area and may overwhelm 

the processes in stream channels with respect to nutrient export during floods. In this 

study, I investigated if the pulse dynamics concept applies to the watershed scale by 

examining the patterns in flood carbon (dissolved organic carbon, DOC) and nutrient 

(nitrate, ammonium, total dissolved nitrogen [TDN], soluble reactive phosphorus [SRP]) 

export from a 5th order watershed in the Sonoran Desert of Arizona. I hypothesized that 

floods following prolonged dry periods would have higher carbon and nutrient export 

because of accumulation of materials on hillslopes with limited biological retention and 

removal due to lack of precipitation. Conversely, I hypothesized that floods following 

periods with more precipitation will have lower carbon and nutrient export because the 

precipitation inputs will prompt biological transformation, uptake, and removal of carbon 

and nutrients from soils, reducing the pool of potentially mobile nutrients. I used a long-

term dataset of carbon and nutrient concentrations in flood water combined with publicly 

available datasets on stream discharge and precipitation to test these hypotheses. 

 

Methods 
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Site Description: Sycamore Creek is a tributary of the lower Verde River in 

central Arizona, USA.  The watershed is 505 km2 with elevation ranging from 420 to 

2160 m (Thomsen and Schumann 1968). Sycamore Creek encompasses Sonoran Desert 

scrub, pinyon-juniper woodland, and spruce-fir forest depending on the elevations. 

Sycamore Creek is a spatially intermittent stream with regular floods that account for the 

majority of nitrogen export from the system (Ye and Grimm 2013). Summer and winter 

precipitation patterns and temperature differ substantially in the Sonoran Desert 

(Thomsen and Schumann 1968). The summer monsoon season is characterized by high-

intensity, short-duration storms with limited spatial extent. Given the high summer air 

temperatures, evapotranspiration rates are high and limit soil moisture accumulation from 

storms (Reynolds et al. 2004). In contrast, winter storms derived from Pacific frontal 

systems have lower intensity, usually longer durations, and can have a much broader 

spatial extent. Lower winter temperatures are associated with lower evapotranspiration 

rates, longer persistence of elevated soil moisture, and an extended period of microbial 

and plant activity following precipitation (Welter et al. 2005, Sponseller 2007, Collins et 

al. 2008).  

Sample collection and data processing: From 2010 to 2016 flood water samples 

were collected using a combination of grab samples and an automated water sampler 

(ISCO, Teledyne ISCO, Lincoln, Nebraska) at multiple locations along the stream 

channel. The time interval for sample collection varied from 10 minutes to 24 hours. The 

automated sampling program was designed to sample flood water every 10-30 minutes 

for the first 2-4 hours of collection in order to increase the chances of collecting sample at 

the maximum discharge for the flood. Then the sampler was programed to sample every 
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hour until there were no more sample bottle remaining (N=24). Lab personnel retrieved 

the samples at the end of the program. If the stream was continuing to flood at the time of 

retrieval, lab personnel would reset the autosampler to collect every hour. Samples were 

returned to the lab, vacuum filtered using 0.45 µm Whatman GF/F (Whatman, 

Maidstone, United Kingdom) and stored frozen until analysis. Samples for ammonium 

were centrifuged at 12,000 rpm for 10 minutes prior to decanting in order to avoid 

volatilization during filtering. Nitrate/nitrite, ammonium, chloride, and SRP were run on 

a Lachat QuickChem 8000 (Hach Company, Loveland, Colorado). Non-purgible organic 

carbon (DOC) and TDN were run on a Shimadzu TOC-V (Shimadzu, Columbia, 

Maryland). Discharge from a United States Geological Survey (USGS) stream gauging 

station (USGS gauge #09510200) was retrieved for the period of flood data from 2010 to 

2016.  

I determined the cumulative flood discharge by taking the integral discharge from 

the start to the end of the flood. A flood constituted any flow that had maximum 

discharge >1 m3/s; a flow sufficient to start automated stormwater collection. The start of 

a flood was identified as either the time that discharge transitioned from zero to a non-

zero value, or when discharge changed from decreasing to increasing. The end of flood 

was defined as either (1) the cessation of flow (discharge = 0), (2) the arrival of a separate 

flood pulse (e.g., a switch from decreasing to increasing discharge), or (3) a three-hour 

period of stable discharge. I determined the nutrient in export in the flood water from the 

daily mean concentration (kg/m3) for each day of the flood. The daily mean flood 

concentration (kg/m3) was multiplied by the daily cumulative flood water export (m3) to 

determine the daily flood nutrient export (kg). These daily export totals were summed to 
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determine the cumulative nutrient export (kg) for each flood. For floods that spanned 

multiple dates but lacked nutrient concentration data for one of the dates, I used a 

concentration that was the midpoint between the mean concentration for the day prior to 

and the day following the date that lacked nutrient concentration data. If the final tail of 

the flood lacked nutrient data, I applied the mean nutrient concentration from the last day 

for which we had concentration. I determined the flood nutrient export (kg) by 

multiplying the mean flood concentration (kg/m3) by the cumulative flood water export 

(m3). 

I was unable to use a flow-integrated method for concentration because (1) some 

flood samples lacked time information associated with their collection point and (2) the 

automated stormwater sampler was located 12 km upstream of the discharge gauging 

station. The latter limitation meant discharge and concentration may not have been the 

same at the two locations. Since the water velocity varies between floods, applying a time 

correction was not possible. When I did have time information for flood nutrient samples, 

a flow-integrated export was 1-5% lower than the estimate generated by the process 

described above. I therefore conclude that our method using daily means was sufficient to 

characterize flood chemistry. 

 

I used the Next Generation Weather Radar (NEXRAD) Level III one-hour 

precipitation accumulation (product code N1P) data product for information about 

seasonal and storm precipitation. Radar sweeps were collected every 4-6 minutes and 

recorded any precipitation rate greater than 0.1 mm/hr (Figure 3.1). We used the NOAA 

Weather and Climate Toolkit to convert files from the native binary format into shapefile 
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format. The shapefiles were clipped to the outline of the Sycamore Creek watershed 

boundary. Precipitation for each file was calculated as the precipitation rate for each 

location in the file (mm/hr) multiplied by the total area for which the precipitation rate 

was active (m2) and the interval since the prior file (hr). The precipitation was summed 

and divided by the total area of the watershed to yield total precipitation for the file 

interval (mm). These precipitation numbers were summarized into daily and seasonal 

totals. Seasons were defined as summer from May to September and winter from October 

to April (Welter et al. 2005). I also calculated cumulative precipitation up to the flood 

date for the season in which the flood occurred. I summarized the spatial extent of the 

storm by finding the area of the watershed that had detectable precipitation in each 

NEXRAD sweep and taking the mean area (km2) over the duration of the storm. I 

determined the event precipitation intensity (mm/hr) by dividing the storm total 

precipitation (mm) by the duration of the storm (hr). 

I evaluated the extent to which precipitation at seasonal and event scales affected 

flood cumulative discharge, nutrient concentration, and nutrient load using linear 

regressions. Response variables were evaluated for normality by testing whether the 

skewness and kurtosis of the distribution of each variable were significantly different 

from that of a normal distribution. I log-transformed variables if necessary to achieve a 

distribution sufficiently close to normal. I regressed each of the independent variables 

against the dependent variables. In cases where multiple variables were related to the 

response variable, I performed multiple linear regressions to see if the combination of 

variables improved the prediction. I performed an F test to determine if the addition of 



  71 

extra variables significantly increased the explanatory power of the model. All spatial and 

statistical analyses were performed in R (R Core Team 2018). 

 

Results 

We sampled 22 floods on Sycamore Creek between 2010 and 2016. Of these 

floods, 20 floods included nitrate/nitrite data (hereafter referred to as “nitrate”); 18 floods 

included ammonium data, 13 had SRP data, 17 had DOC data, and 17 had TDN data. Of 

the 22 floods, 17 had discharge information. Discharge was missing for three of the 

floods because of a gap in the gauging station data and two of the floods had no discharge 

data because the water from the flood never reached the discharge gauging station 

location 12 km downstream from the automated stormwater sampler. Seventeen floods 

occurred in the winter season and 5 occurred in the summer. Flood water export ranged 

from 19 × 102 m2 to over 18 × 106 m3 (Table 1). Storm precipitation inputs ranged from 

zero to > 3 × 106 m3. The extent of the watershed area experiencing precipitation varied 

within each storm, but mean storm area ranged from 30 to 280 km2 (6 to 55% of the 505 

km2 watershed). Storm size characteristics including storm total precipitation, mean 

storm spatial extent, and precipitation intensity were all positively correlated (Figure 3.2). 

Nutrient export was determined primarily by the flood cumulative discharge 

rather than the flood water nutrient concentration. The amount of water export during 

floods varied by more than five orders of magnitude. Most nutrient concentrations varied 

over two or three orders of magnitude. Cumulative flood discharge was positively 

correlated with cumulative precipitation in the season of the flood (F = 6.73, R2 = 0.264, 

p = 0.02) and mean spatial extent of the storm (F = 8.01, R2 = 0.319, p = 0.013; Figure 
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3.3); discharge was higher in winter than in summer (F = 8.97, R2 = 0.332, p = 0.009; 

Figure 3.4a). A best fit model of cumulative discharge during floods included season 

(coefficient mean ± standard deviation: 2.29 ± 0.86), cumulative precipitation in the 

season leading up to the flood (0.34 ± 0.12), and precipitation intensity (2.18 ± 0.88; full 

model: F = 9.77, p = 0.002, R2 = 0.64).  

The winter season had significantly higher DOC and TDN export (F = 6.44, R2 = 

0.312, p = 0.028 and F = 7.56, R2 = 0.354, p = 0.019; Figure 3.5b, c). Higher 

precipitation intensity resulted in higher DOC and TDN export (F = 5.63, R2 = 0.312, p = 

0.039 and F = 5.23, R2 = 0.278, p = 0.045; Figure 3.5). Mean storm spatial extent 

significantly increased DOC and TDN export (F = 7.26, R2 = 0.363, p = 0.023 and F = 

8.46, R2 = 0.404, p = 0.016; Figure 3.5b, e). The cumulative precipitation in the season 

prior to the flood had a significant negative effect on the amount of DOC and TDN 

export (F = 6.34, R2 = 0.308, p = 0.029 and F = 7.28, R2 = 0.344, p = 0.021; Figure 3.5b, 

e). Higher cumulative precipitation in the season leading up to the flood resulted in 

higher export of nitrate (F = 5.54, R2 = 0.245, p = 0.035; Figure 3.6). None of the 

seasonal precipitation variables nor the storm characteristics correlated with ammonium 

or SRP export (data not shown). The ratio of nitrate to ammonium export was 

significantly higher in the winter (73.8 ± 3.9) than in the summer (12.7 ± 2.4). 

The concentration of DOC and TDN decreased with higher precipitation in the 

season prior to the flood (F = 8.37, R2 = 0.315, p = 0.011 and F = 8.37, R2 = 0.315, p = 

0.011; Figure 3.7). 

 

Discussion 
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High variability in flood nutrient loads is characteristic of many aquatic 

ecosystems. Floods can account for the majority of the annual surface nutrient export 

budget (Meyer and Likens 1979, McKee et al. 2000, Ye and Grimm 2013). Under future 

climate conditions, low- or zero-flow conditions are expected to increase and floods may 

increase in size in the U.S. Southwest (Barnett et al. 2008) and Sycamore Creek (Ye and 

Grimm 2013). The anticipated increase in flood flows for the region necessitates a better 

understanding of the variability in nutrient loading from intermittent streams because 

these flows will increasingly be responsible for any connectivity between headwaters and 

downstream ecosystems. The goal of this project was to determine the relative 

importance of biological nutrient processing during dry periods and storm characteristics 

for nutrient export during floods in an intermittent desert stream. We found that nutrient 

loads in flood water were determined primarily by the amount of water exported in the 

flood. As a result, variables associated with higher flood water export also increased 

nutrient export in some cases. Floods in winter, storms with higher mean spatial extent, 

and higher current season precipitation led to high flood water export. Export of DOC 

and TDN were similarly higher for floods occurring in winter and with higher storm 

spatial extent. Higher precipitation in the prior season decreased DOC and TDN 

concentration and export in flood water; this may indicate a biological influence on the 

carbon and nitrogen pools available for export. Higher precipitation inputs in the prior 

season will have prompted pulses in microbial and plant community activity such as 

decomposition and dissolved inorganic nitrogen (DIN; nitrate and ammonium) uptake. 

This activity reduces the pool of DOC and TDN on the landscape that is available for 
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export. Interestingly, few to none of the independent variables were related to nitrate, 

ammonium, and SRP concentration or export in flood water. 

Cumulative water export during floods was higher in the winter than in the 

summer season and increased with higher mean area and higher current season 

precipitation. A best-fit model of flood water export included season, precipitation in the 

current season, and storm intensity. All measures of storm characteristics (size, spatial 

extent, intensity) were intercorrelated and higher in the winter season as compared to the 

summer season. Winter storms result in larger floods because temperatures are lower in 

the winter season and evapotranspiration water losses are lower, leaving more water 

available for export in floods. However, the intercorrelation among storm characteristics 

mean that the relationship between any one of these variables and flood characteristics 

should be interpreted with caution.  

Channel water storage likely explains the positive relationship between current 

season precipitation and flood water export. Sycamore Creek is spatially intermittent 

because there are alternating stream segments that are relatively constrained within 

bedrock canyons and wider segments with substantial alluvial deposits that allow 

infiltration (Stanley et al. 1997). During extended dry periods, surface water only persists 

in the constrained sections of the canyon while the wider sections only have water below 

ground. This configuration gives rise to patterns in water chemistry (Dent et al. 2007) and 

wetland development (Dong et al. 2016). When there is more precipitation prior to a 

flood, this channel storage is filled and subsequent floods are lower because less water 

allocated toward filling the channel storage (Welter and Fisher 2016). This finding is 

consistent with results from the San Pedro River, where storms occurring later in the 
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season after numerous other floods had higher peak discharge (Meixner et al. 2007). 

Indeed, there are two examples of floods that were detected by the automated stormwater 

sampler (so flooding conditions did exist in this section of the watershed), but ultimately 

no discharge from the flood reached the gauging station 12 km downstream. When water 

flow is attenuated by alluvial channel storage, nutrients are retained and stored with it.  

 In most cases, nutrient loads in flood water were determined by cumulative flood 

discharge rather than by the nutrient concentrations. As a result, some of the factors that 

led to high flood water export also led to higher nutrient export. Larger storms, with 

higher precipitation intensity and spatial extent, and storms that occurred in the winter 

had significantly higher DOC and TDN export. The relationship among storm 

characteristics and DOC/TDN export indicates that the transport and export of these 

nutrients during floods is driven primarily by physical processes. This finding is 

consistent with studies showing that floods generated from overland flow flush nutrients 

from the surrounding landscape into the stream channel (Fisher et al. 1982, Brooks and 

Lemon 2007, Meixner et al. 2007). 

In addition to physical transport, DOC and TDN may also be sensitive to 

interflood decomposition and removal, because both concentration and export decreased 

with higher precipitation in the prior season. Higher precipitation in the prior season 

would have increased soil moisture, reducing litter due to from desiccation of the plant 

community. Elevated soil moisture would also support higher rates of organic matter 

decomposition, producing pulses of CO2 efflux and denitrification that decrease the pools 

of DOC and TDN (Austin et al. 2004, Belnap et al. 2005, Welter et al. 2005). Higher 

precipitation may prompt vegetation community growth (Schwinning and Sala 2004) and 
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increase uptake of DIN from the soil, further reducing the pool of TDN. Harms and 

Grimm (2010) found that microbial carbon uptake and nitrogen mineralization rates 

increased with higher antecedent precipitation. Precipitation prior to floods may therefore 

reduce the pool of DOC and release nitrogen from particulate or dissolved organic forms, 

which can be subject to uptake or removal. Less TDN with higher precipitation 

complements the finding that nitrate export in flood water increased with current season 

precipitation. On average nitrate accounted for 72% of the TDN in floodwater samples 

and the nitrate to ammonium ratio was highest in the winter season. As precipitation in 

the season increased, mineralization of organic matter and nitrification increased the pool 

of nitrate that was then available for export during flooding. Higher nitrate export with 

higher current season precipitation could also be an indirect effect of higher current 

season precipitation increasing flood water export. Since nutrient export was primarily 

driven by water export, this result could also be a result of physical transport by flood 

water.  

My results suggest a series of direct and indirect effects on nutrient export due to 

storm characteristics and prior precipitation input (Figure 3.8). Water export increased 

with larger storms and higher precipitation in the current season. Both DOC and TDN 

export increased with larger storms and higher precipitation in the current season. Since 

large storms generate more flood water, the relationship between export and large storms 

may be an indirect effect of physical transport by flood water. Similarly, higher 

precipitation in the current season increased nitrate export, which also may be an indirect 

effect of higher discharge on this same variable. Finally, higher precipitation in the 

season prior to the flood decreased DOC and TDN concentrations in flood water and 
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export, indicating an indirect effect on export of carbon and nitrogen that is mediated by 

biological processes that mineralize and remove or retain them in the watershed. 

Nitrate, ammonium, and SRP export rates were not significantly related to storm 

characteristics and, except for nitrate export, were unrelated to antecedent precipitation. 

Although nutrient export was determined primarily by the amount of water exported 

during the flood, we expected antecedent factors to play a role in the amount of nutrients 

exported. We did not find any such relationships. This may indicate that nitrate, 

ammonium, and SRP concentrations are driven by factors at shorter timescales. For 

example, Harms and Grimm (2010) found that SRP concentrations in stream water were 

significantly related to cumulative precipitation over the prior 6-8 weeks rather than to 

other timescales. Further, they found no relationship between nitrate and ammonium and 

previous precipitation inputs. Brooks and Lemon (2007) also could not find consistent 

relationships between inorganic nitrogen concentration and discharge in a desert river. 

Since inorganic nitrogen is highly biologically reactive, these nutrients may be modified 

by biological activity during storms that produce floods. For example, Welter et al. 

(2005) found that the ratio of nitrate to ammonium increased along hillslope overland 

flowpaths during storms, while TDN concentration remained constant. Welter et al. 

concluded that nitrification of accumulated ammonium in soil occurred quickly during 

storms, thus altering the ratio of nitrate and ammonium. Therefore, if these nutrient pools 

change on event timescales, then the effect of biological activity over the current and 

prior season may not be detectable in stormflow. 

Taken together, my results demonstrate that the pulse dynamics concept often 

used to understand biogeochemical fluxes in hillslope soils does apply to the watershed 
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scale, with some modification. High precipitation in the season prior to the flood 

presumably led to more pulses in decomposition and transformation of carbon and 

nutrients. With more water available, there may have been higher productivity in 

microbial and plant communities, causing more uptake of carbon and nutrients from the 

soil. As a result, rain-driven pulses in activity prior to flooding reduced the size of the 

potentially mobile pool of DOC and TDN, reducing both the concentration and, 

ultimately, the export. However, many of the dissolved constituents in flood water were 

also related to storm characteristics. Therefore, pulse dynamics at the watershed scale 

must consider how physical processes such as the spatial extent of a storm, total storm 

precipitation, and channel water storage can modulate the amount of carbon and nutrients 

exported.  

Regional climate change for the Southwest U.S. projects a warmer future. This 

warming is expected to decrease low and medium flow conditions in streams regardless 

of the changes in precipitation (which are not well constrained) because higher 

temperature increases evapotranspiration (Barnett et al. 2008, Ye and Grimm 2013). 

However, there are also projections that suggest increases in the magnitude of storms 

(Barnett et al. 2008). One consequence of these changes will be that more of the nutrient 

export from watersheds in this region will occur during floods Further understanding of 

the variability in flood nutrient loads is necessary to understand how future flow regimes 

may affect downstream ecosystems such as reservoirs and has associated implications for 

recreation and drinking water quality. 
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Tables and Figures 

 

Table 3.1. Flood water export and storm characteristics for 22 storm in the Sycamore 

Creek watershed. Some floods lacked discharge data (i.e., ND).  

Season 
Water 
Export 
(106 m3) 

Storm 
Volume 
(106 m3) 

Runoff 
Ratio 

Storm 
Area 
(km2) 

Storm 
Intensity 
(mm/hr) 

Current 
Season 

Precipitation 
(mm) 

Prior 
Season 

Precipitation 
(mm) 

Summer 0.01 0.35 0.02 60 0.3 2.3 12.9 

Summer 0.00 0.05 0.04 30 0.1 2.9 12.9 

Summer 0.52 0.63 0.83 180 1.3 6.0 12.9 

Summer 0.04 0.67 0.06 140 0.6 3.2 4.6 

Summer 0.41 0.46 0.89 170 0.9 4.7 4.6 

Winter 18.43 3.34 5.52 280 1.8 7.1 5.4 

Winter 2.10 0.29 7.25 170 0.9 11.0 5.4 

Winter 4.48 0.76 5.90 190 0.6 12.0 5.4 

Winter 0.19 0.63 0.31 190 0.6 2.0 2.3 

Winter 0.11 0.08 1.36 150 0.8 2.3 2.3 

Winter 8.13 0.75 10.83 150 0.7 3.2 2.3 

Winter 0.05 1.06 0.04 250 1.0 2.1 2.7 

Winter 2.68 0.82 3.26 210 1.3 3.4 2.7 

Winter 0.20 0.57 0.36 180 0.7 3.1 3.4 

Winter 1.57 0.39 4.01 160 0.5 3.8 3.4 

Winter 1.60 0.07 22.91 90 0.1 9.6 5.4 

Winter 0.82 0.00 NA NA NA 9.5 5.4 

Winter ND 0.15 NA 100 0.4 0.9 6.1 

Winter ND 0.04 NA 50 0.1 0.1 5.1 

Winter ND 0.39 NA 160 0.7 1.8 5.1 

Winter ND 0.00 NA NA NA 12.5 5.4 

Winter ND 0.00 NA NA NA 12.9 5.4 

Means               

Summer 0.20 0.43 0.37 116 0.6 3.8 9.6 

Winter 3.36 0.55  5.62 166 0.7 5.7 4.3 

 

 

  



  81 

 
 

Figure 3.1. Next Generation Radar (NEXRAD) 1-hour precipitation (N1P) data layers at 

three timepoints for a storm with the Sycamore Creek watershed boundary. Each data 

layer contains polygons with unique 1-hour precipitation accumulation rates. 

Precipitation was calculated as the sum of the area of each polygon multiplied by the 

precipitation rate, summed across all polygons, and multiplied by the time interval 

between files (4-5 minutes).  
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Figure 3.2: Correlation matrix of explanatory variables showing the strength of the 

relationship between variable in the form of the Pearson’s product moment correlation 

coefficient (lower triangle) and width of the ellipse (upper triangle), which shows the 

strength of the correlation. Dark grey indicates positive relationships and light grey are 

negative relationships. Asterisks indicate statistically significant relationships. 
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Figure 3.3: Cumulative flood water export as a function of (a) current season cumulative 

precipitation and (b) mean area of the storm. Solid lines are the regression relationship 

between the two variables and dashed lines are the 95% confidence intervals. 
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Figure 3.4: Mean flood export of (a) water, (b) dissolved organic carbon (DOC), and (c) 

total dissolved nitrogen (TDN) by season. Bars are ± one standard error of the mean. 
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Figure 3.5: Log transformed dissolved organic carbon load (DOC; top) and log-

transformed total dissolved nitrogen load (TDN; bottom) versus precipitation 

intensity(a,d), mean area(b,e), and prior season precipitation (c,f). Solid lines are the 

regression relationship between the two variables and dashed lines are the 95% 

confidence intervals. 
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Figure 3.6:  Dissolved organic carbon (DOC, a) and total dissolved nitrogen (TDN, b) as 

a function of prior season precipitation. Solid lines are the regression relationship 

between the two variables and dashed lines are the 95% confidence intervals. 
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Figure 3.7: Nitrate export as a function of current season precipitation. Solid line is the 

regression relationship between the two variables and dashed lines are the 95% 

confidence intervals. 
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Figure 3.8. Proposed direct (solid arrows) and indirect (dashed arrows) effects of prior 

precipitation inputs and storm characteristics on discharge, dissolved organic carbon 

(DOC), total dissolved nitrogen (TDN), and nitrate (NO3
–) concentrations and export in 

flood water for Sycamore Creek. Storm characteristics were all positively correlated and 

higher in the winter season and are grouped together as one factor as a result.  
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CHAPTER 4 

NITRATE REDUCTION CAPACITY AND PATHWAYS OF URBAN ACCIDENTAL 

WETLANDS IN PHOENIX, ARIZONA 

 

Abstract 

Due to nitrate pollution, much research has focused on denitrification, a microbial 

transformation of nitrate to nitrogenous gas that effectively removes nitrogen from the 

ecosystem. However, there are other microbial processes that transform nitrate, including 

dissimilatory nitrate reduction to ammonium (DNRA), a process that conserves nitrogen 

in a biologically reactive form. In this study, I investigated rates of denitrification and 

DNRA at two sites in the Salt River accidental wetlands near downtown Phoenix, 

Arizona. I conducted an ex-situ soil microcosm incubation and an in-situ push-pull 

experiment in the three main patch types in the wetlands: dominant cover of Typha 

domingensis, dominant cover of Ludwidgia peploides, and open, unvegetated patches. 

DNRA accounted for between 0 and 38% of nitrate reduction while denitrification 

accounted for between 62 and 100%. The L. peploides patches had significantly elevated 

process rates compared to open patches and T. domingensis patches across experiments, 

indicating that this patch type promoted nitrate reduction. Interestingly, this pattern was 

not driven by dissolved organic carbon (DOC), which was significantly higher in the 7th 

Avenue bridge site that also had lower DNRA rates, leading to a negative correlation. 

Higher NO3
– concentrations were associated with higher denitrification rates; high NO3

– 

was unrelated to DNRA rates. I propose that as NO3
– concentration increases during 

floods, denitrification increases while DNRA rates remain relatively stable. As NO3
– 
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concentration falls, DNRA begins to account for proportionally more of the NO3
– 

reduction. This research indicates that DNRA may serve as an important nitrogen 

conservation mechanism during low NO3
– supply periods in urban wetlands. 

 

Introduction 

Nitrogen is an essential, often limiting, element for biological growth that can also 

be a pollutant if present in excess. Urban aquatic systems are particularly vulnerable to 

nitrogen pollution because of high nitrogen inputs, limited infiltration in uplands, and 

stormwater infrastructure designed to quickly transport runoff to recipient aquatic 

systems (Baker et al. 2001, Kaye et al. 2006). As a result, much research has been 

dedicated to understanding nitrogen transport and transformation in urban ecosystems 

with a particular focus on denitrification (Groffman et al. 2006). Denitrifying microbes 

transform biologically reactive nitrate (NO3
–) to biologically less-reactive nitrogenous 

gases (N2 and N2O), effectively removing nitrogen from ecosystems. However, 

denitrification is just one of many potential transformation pathways for NO3
– (Burgin 

and Hamilton 2007). Dissimilatory nitrate reduction to ammonium (DNRA) also 

consumes nitrate but produces biologically reactive ammonium (NH4
+). The resulting 

NH4
+ is available for plant uptake, assimilation by organisms, and nitrification, thereby 

conserving the element within the ecosystem (An and Gardner 2002). Denitrification and 

DNRA occur in locations with high organic carbon availability and low oxygen 

conditions. These conditions are common in wetland ecosystems where water-saturated 

soils and abundant plant growth and litter inputs fuel reducing conditions.  This study 

investigates the relative rates of denitrification and DNRA in an urban accidental wetland 
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ecosystem (sensu Palta et al. 2017) and how plant patches and NO3
– concentration affect 

the rate of each process. 

Relatively few studies have examined DNRA compared to the number of studies 

on denitrification. Many DNRA studies have taken place in coastal ecosystems (see 

Giblin et al. 2013 for a review) but the process has also been measured in streams (Kelso 

et al. 1997, Storey et al. 2004), lakes (Brunet and Garcia-Gil 1996), constructed 

freshwater wetlands (Scott et al. 2008), hot springs (Dodsworth et al. 2011), and soils 

(Silver et al. 2001, Rütting et al. 2011). To our knowledge, DNRA has not been measured 

in urban ecosystems. Nitrate can enter urban aquatic ecosystems through stormwater 

transport of applied fertilizer and atmospheric deposition, as well as through treated 

wastewater discharge and leaky septic systems (Paul and Meyer 2001). Therefore, 

understanding the relative proportion of denitrification and DNRA is crucial to 

understanding when nitrogen is removed and when nitrogen is conserved in urban 

ecosystems. 

Plant cover and type can regulate nitrogen cycle transformations, including 

denitrification and DNRA, by providing a source of organic carbon to the heterotrophic 

organisms carrying out these processes (Alldred and Baines 2016). Plant litter quality, as 

measured by labile and structural carbon content, can directly affect carbon availability to 

microbial communities (Hume et al. 2002). Plants that have more structural carbon 

compounds, such as lignin, produce litter that is less bioavailable than plants with lower 

structural carbon content. Therefore, as the type and lability of carbon changes from 

patch to patch, so too will the magnitude of NO3
– reduction processes. 
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Like denitrification, DNRA is controlled by the amount of available oxygen, 

NO3
–, and carbon. However, the relative amounts of NO3

– and carbon could affect which 

process dominates NO3
– transformations. Tiedje (1988) proposed that DNRA is favored 

under low NO3
–, high organic carbon conditions due to a higher electron transfer 

efficiency; in contrast, denitrification is favored under high NO3
–, high organic carbon 

conditions. While studies in freshwater ecosystems have found evidence of higher 

denitrification rates compared to DNRA under high carbon, high NO3
– conditions (Scott 

et al. 2008, Nizzoli et al. 2010), few studies have examined DNRA and denitrification 

rates under low NO3
–, high carbon conditions (but see Storey et al. 2004). Some studies 

have found the highest NH4
+ accumulation under low NO3

–, high organic carbon 

conditions (Kelso et al. 1997, Scott et al. 2008, Crenshaw et al. 2010). Understanding 

which NO3
– transformation dominates and when it dominates is particularly salient in 

urban aquatic ecosystems that experience frequent fluctuations in NO3
– concentration, 

and potentially corresponding changes in the relative rates of DNRA and denitrification. 

Denitrification may dominate under high NO3
– conditions such as during high-flow 

periods and DNRA may become a proportionally more important larger process only 

under lower NO3
– conditions, such as between periods of high flow.  

The objective of our research was twofold: (1) To quantify DNRA and 

denitrification activity in urban wetlands across patch types I hypothesized to have 

different carbon quantities, and (2) to test if NO3
– concentration affected DNRA rates 

relative to denitrification rates. This research took place in the Salt River accidental 

wetlands (Palta et al. 2017) near Phoenix, AZ that receive fluctuating NO3
– inputs 

depending on stormwater flow. I measured water chemistry in the wetlands to determine 
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the degree of hydrologic connectivity between surface and subsurface water and 

connectivity across patch types. I used two approaches to measure DNRA and 

denitrification: (1) a laboratory microcosm experiment with soil from the field site 

incubated with two different levels of NO3
– and (2) a push-pull method, incubating a 

plume of enriched water in-situ. 

 

Methods 

Site information 

The Salt River is a tributary of the Gila River and part of the larger Lower 

Colorado River Basin. The river has been heavily modified by dams and diversion canals 

to support agricultural and municipal water demand (Fitzhugh and Richter 2004, Larson 

et al. 2005). All flow is diverted into canals upstream of Phoenix and, as a result, the 

stretch of river in the city lacks baseflow except during floods when water is released 

from the six upstream dams. However, portions of the Salt River channel in Phoenix 

receive water from irrigation and storm runoff (Makings et al. 2011, Bateman et al. 

2015). These water sources support riparian and wetland vegetation, creating “accidental” 

wetland habitats that are not actively managed (Bateman et al. 2015, Palta et al. 2017). 

Dissolved inorganic nitrogen (DIN) concentration increases dramatically during storm 

flow (Palta et al. 2017), but microbial activity in the soil is nitrogen-limited during base 

flow (Suchy 2016). Where surface water is present, the wetlands are characterized by 

three main patch types: 1) dominant cover of Typha domingensis (TYDO), 2) dominant 

cover of Ludwigia peploides (LUPE), and 3) and open, non-vegetated areas with gravel-

dominated substrate (OPEN). I conducted our investigations at two wetland sites in the 



  99 

Salt River as is part of the Central Arizona-Phoenix Long Term Ecological Research 

program study area: one near Central Avenue (CEN) and one near 7th Avenue (7A), in 

Phoenix, Arizona (Figure 4.1). 

Background water chemistry 

 I collected baseflow water-chemistry samples at the two sites in October, 2014 to 

determine the degree of hydrologic connectivity in the wetlands. At each wetland site, I 

identified two locations, one near a storm drain and one downstream from the drain 

location. At each location I identified three patches (LUPE, TYDO, and OPEN) and two 

sampling points within each patch. At each sampling point, I collected subsurface water 

with a porewater sampler (PushPoint Sampler, MHC Products, East Tawas, MI) attached 

to a GeoPump (Geotech Environmental Equipment, Inc. Denver, CO). I also collected 

surface water samples adjacent to the subsurface sampling point. Samples were 

transported on ice and filtered with a pre-combusted (4 hr at 490℃) 0.45 µm glass fiber 

filter (Whatman GF/F, Pittsburg, PA) in the laboratory. Samples were stored at –20℃ for 

four weeks until analysis. I analyzed each sample for chloride (Cl–), bromide (Br–), NO3
–, 

NH4
+, phosphate (PO4

3–), dissolved organic carbon (DOC), and total dissolved nitrogen 

(TDN) concentration. 

Lab incubation experiment 

 To compare denitrification and DNRA rates under different NO3
– concentrations, 

I conducted a paired-microcosm incubation of wetland soil. In December 2015, I 

collected approximately 5 kg of soil from one TYDO, one LUPE, and one OPEN patch at 

the 7A site on the day prior to the incubation. I also collected 8 L of surface water from a 

location adjacent to the soil collection site. Samples were stored on ice and immediately 
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returned to the lab where I homogenized soil samples by patch type and removed 

particles >2 cm diameter. Each microcosm contained 500 g of the patch-specific 

homogenized soil in 1 L glass bottles. The bottles were covered with gas-tight caps and 

stored at 4℃ until 4 h prior to the experiment for equilibration to room temperature. I 

added 500 mL of NO3
–-amended surface water to the soil at concentrations of 1 mg N/L 

(low treatment) or 7 mg N/L (high treatment) at 1 atom percent (at%) 15N. There were 5 

replicates for each patch and treatment level, for a total of 30 paired microcosms. I 

sparged the water overlying the sediments with N2 gas for one minute to minimize 

dissolved oxygen (DO) and then capped the bottles. The initial microcosm was sampled 1 

h following capping and the paired final microcosm was sampled 8 h later. I collected the 

dissolved N2 gas sample by uncapping the microcosm and slowly drawing water into a 60 

mL syringe. I filled 12-mL Exetainers (Labco Lampeter, Wales, United Kingdom) from 

the bottom up, overfilling approximately twice before poisoning with 20 µL saturated 

ZnCl2 solution to prevent further microbial activity and then capping. I decanted and 

filtered any remaining water in the microcosm through a pre-combusted (4 hr at 490℃) 

0.45 µm glass fiber filter (Whatman GF/F, Pittsburg, PA) and stored at –30℃ for 4-8 

weeks prior to analysis for NO3
–, NH4

+, 15NO3
–, 15NH4

+, and DOC concentrations.  

In-situ push-pull incubation 

 To compare denitrification and DNRA rates in the field, I conducted an in-situ 

push-pull experiment (modified from Addy et al. 2002). The push-pull method involves 

enriching field-collected water with the biologically reactive tracer (NO3
–) and an 

unreactive tracer to account for dilution (Br–), injecting the water into the subsurface 

(“push”), and sampling from the plume after an incubation period (“pull”). I used 
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bromide rather than chloride as a tracer because the background chloride concentration 

was high in the wetland and would have required large additions to raise the 

concentration to a level usable in the experiment, levels which may have been toxic to the 

organisms exposed to the water. I conducted experiments over four days in June 2016. 

On each date, I conducted two push-pull tests in each of the three dominant patch types 

for a total of six tests per date. I used 2.5 mm inner-diameter wells inserted to a depth of 

7 cm. The wells had radial perforations around the bottom 1 cm and were capped at the 

base. I placed a 5 cm2 rubber cap that sat flush with the soil surface on each well to 

prevent drawdown of surface water along the sides of the well. I collected a background 

dissolved N2 gas sample by attaching a 60 mL syringe directly to the well and 

transferring to an Exetainer using the method described above. I then collected an 

additional 340 mL of porewater, to which I added a 20 mL dosing solution that enriched 

the field water by 7 mg N/L at 20 at% 15N and 20 mg/L bromide (Br–). Care was taken to 

minimize introduction of bubbles into the solution. I collected initial samples from this 

solution for analysis of NO3
–, NH4

+, 15NH4
+, Br–, and DOC. The remaining 190 mL of 

tracer-enriched solution was injected (“pushed”) into the well. After a 30-minute 

incubation period I collected (“pulled”) samples. The dissolved N2 sample was collected 

first, followed by samples for analysis of NO3
–, NH4

+, 15NH4
+, and Br– (I assumed DOC 

concentration would not change substantially over a 30-minute period). All aqueous 

samples were field filtered using 0.45 µm mixed cellulose ester syringe filters (Fisher 

Scientific, Waltham, MA) and stored on ice until returned to the lab. Samples were stored 

at –30℃ for 4-12 weeks until analysis. 

Soil properties 
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To determine soil physical properties, I collected saturated soil cores of known 

volume from the same locations used for the push-pull experiment or the nearest 

saturated soil to the experiment location on June 15, 2017. I recorded the saturated core 

mass, then dried the cores at 60℃ to constant mass and reweighed. I assumed a 1 g per 1 

mL mass-volume relationship for the water mass lost to calculate the porosity as mass 

H2O lost divided by the mass of bulk soil core.  

Chemical analyses 

 I analyzed bromide (Br–) using ion chromatography (Dionex ICS 1000, Thermo 

Scientific, Waltham, MA); NO3
–, NH4

+, PO4
3–, and Cl– using a Lachat QC 8000 flow 

injection analyzer (Lachat Instruments, Loveland, CO); and dissolved organic carbon 

(DOC) and total dissolved nitrogen (TDN) using a Shimadzu TOC-V (Shimadzu, 

Columbia, Maryland). Any concentration below the range of the instrument standard 

curve were assigned a value of one-half of the lowest concentration on the standard 

curve. I measured 15N-NH4
+ by headspace diffusion of filtered water samples (Holmes et 

al. 1998). I measured 15N-NO3
– using reduction with Devarda’s alloy followed by 

headspace diffusion on filtered water samples (Sigman et al. 1997). All aqueous 15N 

samples were analyzed by an Elementar Vario EL Cube or Micro Cube elemental 

analyzer (Elementar Analysensysteme GmbH, Hanau, Germany) interfaced to a PDZ 

Europa 20-20 isotope ratio mass spectrometer (Sercon Ltd., Cheshire, UK) at the Stable 

Isotope Laboratory of the University of California, Davis. I determined N2 gas 

concentration and isotopic composition using a membrane inlet mass spectrometer 

(MIMS; Bay Instruments, Easton, MD, USA; Kana et al. 1994, An et al. 2001).  

Calculations and Analysis 
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I calculated NO3
– consumption and NH4

+ production rates as the change in N 

concentration in the respective N pool during the incubation period normalized to the 

mass of dry soil per hour. I calculated the denitrification rate based on the excess 29N2 

and 30N2 signals in the N2 pool after Nielson (Nielson 1991): 

 

𝐷15 =  2𝑝30 + 𝑝29,          Eq 4.1 

 

where 𝑝30 and 𝑝29 are the net production rates of 30N2 and 29N2, respectively. DNRA was 

calculated as the net production rate of 15𝑁𝐻4
+ (Koop-Jakobsen and Giblin 2010). I 

performed multiple linear regressions of flux rates (NO3
– flux, NH4

+ flux, denitrification, 

DNRA) with explanatory variables including for patch, site, sample date, initial NO3
– 

concentration, and initial DOC concentration. Response variables were evaluated for 

normality by testing whether the skewness and kurtosis of the distribution of each 

variable was significantly different from that of a normal distribution. I log-transformed 

variables if necessary to achieve a distribution sufficiently close to normal. Categorical 

variables including the site, patch cover, or sampling date were included as dummy codes 

in the models. All initial models included the variables for patch, site, sample date, initial 

NO3
– concentration, and initial DOC concentration. Models were selected based AIC 

values that helps to identify models that explain the greatest amount of variation in the 

response variable while maintaining parsimony. All calculations and analyses were 

performed in R Studio (Version 1.1, r-project.org). 

 

Results 
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Background water chemistry 

 Background water chemistry differed among patches, between surface and 

subsurface waters, and between sites (Figure 4.2). The only difference in water chemistry 

between patches was that DOC concentration was significantly higher in the TYDO 

patches compared to the open patches (mean ± SE: 6.73 ± 0.40 vs. 5.68 ± 0.17 mg/L). 

The DOC concentration in the LUPE patches was statistically indistinct from both the 

TYDO and open patches. Nitrate and NO2
– concentrations were significantly higher in 

the surface water compared to the porewater (0.23 ± 0.05 vs. 0.02 ± 0.01 mg/L & 0.05 ± 

0.01 vs. 0.006 ± 0.002 mg N/L for NO3
– and NO2

–, respectively); NH4
+ concentration 

showed the opposite pattern with higher concentrations in the porewater compared to the 

surface (0.12 ± 0.01 vs. 0.47 ± 0.09 mg N/L). Chloride was higher in the surface 

compared to the porewater (51.4 ± 3.8 vs. 43.5 ± 2.8 mg/L) and PO4
3– had the opposite 

pattern with higher concentration in the porewater compared to the surface (21.3 ± 2.3 vs. 

46.7 ± 13.7 µg P/L). Nitrate, NO2
–, Cl–, and DON were significantly higher at CEN 

compared to 7A, while DOC concentration was higher at 7A.  

Microcosm incubation experiment 

 Mean NH4
+ production was 0.023 ± 0.041 µg N g dry soil-1

 h
-1 (Figure 4.3). Two 

observations were more than three standard deviations from the mean, leading to the high 

variation. When these points were removed, the NH4
+ production ranged from -0.041 to 

0.097 µg N g dry soil-1
 h

-1 and LUPE patches had significantly higher rates compared to 

open patches (Table 4.1) but did not significantly differ based on the NO3
– amendment 

level. The NH4
+ flux in the TYDO patches was statistically similar to the rates measured 

in both the LUPE and TYDO patches. Net NO3
– consumption occurred in all microcosms 
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with one exception. A higher starting NO3
– concentration was significantly positively 

correlated with NO3
– consumption. Changes in the isotope pools for NH4

+ and N2 were 

small for some microcosms, such that I could not be confident that the changes were 

signals from the added 15NO3
–. I selected microcosms with >30‰ increase in the δ15N of 

the NH4
+ pool as a threshold for calculating DNRA; 16 of the 29 microcosms met the 

threshold. Our rationale for this selection was that naturally fractionating nitrogen 

transformations could have been responsible for a change below the threshold (Sharp 

2017). For this subset of rates of DNRA ranged from 0.004 to 0.052 ng N g dry soil-1 h-1; 

rates were significantly higher in the LUPE and TYDO patches compared to the open 

patches. For denitrification, I selected microcosms for which I measured any positive 

increase in the 29N2 or 30N2 pools as a threshold for calculating denitrification; 16 of the 

26 microcosms met the threshold. For this subset, denitrification ranged from 0 to 0.65 

µg N g dry soil-1 h-1 and was significantly positively correlated with NO3
– concentration.  

 

In-situ push-pull experiment 

 Ammonium production ranged from 0.04 to 3.4 µg N g dry soil-1
 h

-1 and was 

significantly higher in the LUPE patches compared to the OPEN patches and 

significantly negatively correlated with DOC concentration (Figure 4.4; Table 4.1). Four 

wells from OPEN patches had net NO3
– production over the incubation period while all 

other 18 wells had net NO3
– consumption. The NO3

– flux ranged from -10.5 to 1.4 µg N g 

dry soil-1
 h

-1. Nitrate consumption was significantly positively correlated with starting 

NO3
– concentration and was significantly higher in the LUPE patches compared to the 

open patches. Rates of DNRA ranged from 0.03 to 2.0 µg N g dry soil-1
 h

-1 and were 
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significantly higher in the LUPE patches compared to the OPEN patches; DNRA 

decreased significantly with increasing DOC concentration. Denitrification rates ranged 

from 0.20 to 11.6 µg N g dry soil-1
 h

-1 and were significantly higher in the LUPE and 

TYDO patches compared to the open patches. The ratio of denitrification to DNRA 

ranged from 1.4 to 42.8 with a median value of 8.2. Between 51 and 97% of the Br– was 

lost due to advection during the incubation period. Accounting for dilution, I recovered 

between 3 and 95% of the 15N-NO3
– tracer as either N2 or NH4

+. From 27 to 79% of the 

tracer remained in the NO3
– pool. Between 4 and 69% of the 15N-NO3

– tracer was not 

recovered in either the NO3
–, NH4

+, or N2 pools. 

 

Discussion 

Our research objectives were to (1) quantify DNRA activity in urban wetlands 

across patches that I hypothesized to have different carbon quantities and (2) to test if 

NO3
– concentration affected DNRA activity relative to denitrification. I found that 

DNRA accounted for a substantial portion of NO3
– reduction in the Salt River Wetlands. 

The highest DNRA rate was associated with the vegetated patches in the microcosm 

experiment. For the in situ push-pull experiment, the highest rate occurred in the LUPE 

patches; the OPEN and TYDO patches had similar rates. Nitrate concentration had no 

relationship with DNRA rate, indicating that this process is controlled by other local 

factors. 

The differences in surface water and porewater chemistry of the wetlands 

illustrate two specific redox zones common in wetlands: (1) oxic conditions in the surface 

water that allow nitrification and (2) anoxic or hypoxic subsurface conditions that support 
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anaerobic processes of NO3
–

 and NO2
– reduction (Mitsch and Gosselink 2015). Supply of 

NO3
–

 and NO2
– is likely limited by diffusion from the surface water, where nitrification is 

taking place (Golterman 2000). Ammonium likely accumulates in the subsurface as 

mineralization of organic matter exceeds nitrification, given low oxygen availability 

(Mitsch and Gosselink 2015). Except for DOC, all analytes measured had similar 

concentration among the patch types, indicating either that patches do not have a 

significant effect on concentration or that lateral hydrologic mixing makes these signals 

undetectable. Interestingly, NO3
–, NO2

–, Cl–, and DOC significantly differed between the 

CEN and 7A sites. These wetlands are fed by separate outlet pipes that drain different 

urban catchments and results suggest that water chemistry may reflect different 

characteristics or activities within the two catchments (Walsh et al. 2005, Palta et al. 

unpublished data). Studies in urban catchments in Phoenix (Lewis and Grimm 2007, 

Hale et al. 2014a) and Baltimore (Kaushal et al. 2011) found dissolved inorganic nitrogen 

(DIN) export varied significantly based on different land-use cover and stormwater 

infrastructure type. Lewis and Grimm (2007) found evidence that DIN export was related 

to accumulation of potentially mobile nitrogen on impervious surfaces that is quickly 

transported and exported from catchments during floods with little time for retention. 

Newcomer et al. (2012) found that urban streams differed in DOC quantity and 

composition based on the DOC sources within the drainage. The sites in this study have 

different characteristics. The 7th Ave site (7A) drains a portion of the urban core of 

downtown Phoenix while the Central Ave (CEN) site drains a much larger area with 

more residential cover. These differences may be driving differences in water chemistry 

between the sites. 
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 Both the laboratory microcosm incubation and the push-pull experiments 

demonstrate that accidental wetlands in the Salt River channel have the capacity for NO3
– 

consumption through both denitrification and DNRA. In the microcosm experiment, 

denitrification accounted for less than 1% and up to 38% of the NO3
– flux; DNRA always 

accounted for less than 0.1% of the NO3
– consumption (but see section on 

methodological considerations). In the push-pull experiment, denitrification accounted 

for between 2% and 49% of the 15N mass balance and DNRA accounted for between 

0.2% and 10%. Even though DNRA consumed a smaller amount of nitrate relative to 

denitrification, DNRA conserves nitrogen in the wetland rather than removing it. This 

nitrogen may further exacerbate elevated dissolved inorganic nitrogen concentrations in 

the wetlands, but may also serve as a sustained source of nitrogen during periods of 

nitrogen limitation (An and Gardner 2002).  

 Denitrification was dependent on NO3
– concentration in the microcosm 

experiment, but not in the push-pull experiment. Since the NO3
– concentration remained 

high throughout the push-pull experiment, with a mean NO3
– concentration of 0.8 mg/L 

at the end of the incubation period, it is likely that NO3
– was not limiting. Many studies 

have demonstrated that denitrification exhibits first-order dependence on NO3
– 

concentration (Weier et al. 1993, Mulholland et al. 2008). However, DNRA was not 

related to NO3
– concentration in either experiment, nor was it related to the DOC/NO3

– 

ratio as hypothesized by Tiedje (1988). Several studies have found support for the Tiedje 

hypothesis in freshwater wetlands (Matheson et al. 2002, Scott et al. 2008), streams 

(Storey et al. 2004, Crenshaw et al. 2010), salt marshes (King and Nedwell 1985), and 

agricultural soils (Fazzolari et al. 1990). However, Matheson et al. (2002) argued that the 
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relationship between high C:NO3
– ratios and DNRA is one where an increase in carbon 

increases oxygen demand and creates more strongly reducing conditions that are more 

favorable for DNRA than denitrification. Several studies have also found that DNRA is 

unrelated to NO3
– concentration (Sotta et al. 2008, Koop-Jakobsen and Giblin 2010, 

Nizzoli et al. 2010, Nogaro and Burgin 2014), which is consistent with our findings.  

Complicating the picture is that DNRA is carried out via two primary pathways—

fermentative and coupled to sulfur oxidation—that may be favored under different 

conditions (Burgin and Hamilton 2007). Fermentative DNRA is thought to require low 

oxygen and high organic carbon conditions, similar to denitrification. Many of the 

fermentative DNRA bacteria are obligate anaerobic organisms, whereas denitrifying 

bacteria are facultatively anaerobic (Burgin and Hamilton 2007). Thus, environments 

with aerobic microsites may favor denitrification through locations that support 

nitrification and maintain a nitrate supply for the reaction (Palta et al. 2014) and because 

denitrifiers can tolerate exposure to oxic conditions (Matheson et al. 2002). The second 

DNRA pathway, which is coupled to sulfur oxidation, is not dependent on availability of 

organic carbon. The sulfur oxidation pathway may be favored for NO3
– consumption 

because free sulfide inhibits some of the reducing enzymes used in denitrification (Brunet 

and Garcia-Gil 1996). However, metal-bound sulfides such as iron sulfide can be 

abundant in wetland ecosystems (Haaijer et al. 2007), and do not inhibit denitrification to 

the same extent as free sulfide (Brunet and Garcia-Gil 1996). Lu et al. (2013) found 

evidence that fermentative and sulfur-coupled DNRA can compete for NO3
– based on 

availability of labile organic carbon and free sulfide. Therefore, any relationship between 
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DNRA, NO3
– concentration, and availability of organic carbon will depend on the 

community of organisms carrying out the process. 

 I propose that while denitrification is a NO3
– concentration-dependent process, 

DNRA is determined by other local factors and is insensitive to changes in NO3
– 

concentration. Whereas the role of denitrification in removing NO3
– fluctuates based on 

the available NO3
– and organic carbon sources, the amount of DNRA remains the same; 

only the relative proportion of NO3
– consumed through DNRA increases relative to 

denitrification when NO3
– is limiting. 

 Vegetated patches had a large effect on nitrogen cycling in the wetlands. Across 

both experiments, the LUPE patches had significantly higher process rates compared to 

the open patches and several process rates were higher in the TYDO patches as well. 

Plants are a source of organic carbon to soil through litter production (McClaugherty et 

al. 1982, Gift et al. 2010) and root exudation or decomposition (Schade et al. 2001). The 

composition of litter with respect to structural versus more labile forms of carbon can 

affect the supply of microbially available forms of carbon (Manzoni et al. 2008). LUPE 

has a lower tissue C/N ratio compared to TYDO (Suchy 2016). A lower C/N ratio 

increases potential denitrification by increasing the soil organic matter pool (Suchy 

2016). The presence of plants can increase denitrification rates (Alldred and Baines 

2016), but studies differ on whether denitrification rates differ for specific species (Hume 

et al. 2002, Alldred and Baines 2016). Our study indicates that vegetation type can 

significantly affect the magnitude and type of NO3
– reduction process. 

 I calculated the proportion of NO3
– consumed that was not accounted for by either 

denitrification or DNRA in the push-pull experiment. OPEN and LUPE patches had 
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almost identical NO3
– consumption patterns, with 32% consumed through denitrification, 

6% through DNRA, and 60% consumption by some other process. I note that while the 

proportion of NO3
– consumed by each process was similar, the overall magnitude of 

NO3
– consumption in the OPEN patches was lower than in either the TYDO or the LUPE 

patches. In contrast, the TYDO patches had more consumption through denitrification 

(56%) with less DNRA (2%) and other consumption (40%). Plants may compete with 

microbial consumers of NO3
–, especially during the growing season (Groffman et al. 

1992, Pinay et al. 1993). The OPEN patches had a similar pattern of NO3
– consumption, 

despite not having any vegetation cover. Other consumption of NO3
– may be associated 

more broadly with microbial immobilization or plant assimilation (Groffman et al. 1992, 

Pinay et al. 1993, Hall et al. 2009a, Mulholland et al. 2009). Assimilation by plants is 

usually higher during the growing season (Groffman et al. 1992, Pinay et al. 1993) and 

during the daylight hours (Hall et al. 2009a), and can account for the majority of NO3
–

 

consumption (Mulholland et al. 2009). While the OPEN patches did not have any 

vegetation cover, there were often extensive biofilms present that may have included 

microbial and algal communities with a high capacity for NO3
– assimilation. 

 Process rates measured by the push-pull experiment were at least one order of 

magnitude higher than those measured in the microcosm experiment. This is likely an 

artifact of the experimental design for the microcosm experiment, including: (1) not 

including the 1-h period between dosing the microcosms with the NO3
–

 solution and 

when the first sample was collected in the analysis and (2) a long incubation period (8 h), 

that allowed complete consumption of NO3
–. At the time that the first samples were 

collected from the microcosms, a mean of 78% of the added NO3
– had been consumed. 
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Although I did not collect background samples, assuming the starting 29N2 and 30N2 

signals were air-equilibrated, the denitrification rate during the first hour after the 

microcosms were closed was between 2 and more than 350 times greater than the rate 

measured during the incubation period considered in the experiment. The initial NH4
+ 

isotope samples had a mean value of 0.42 at% 15N or a δ15N of 159‰. Nitrogen cycling 

transformations such as nitrification of NH4
+ can fractionate as much as –29‰, leaving 

the NH4
+ pool enriched in 15N (Sharp 2017); therefore, the enriched 15NH4

+ signal at the 

start of the experiment likely originates from the added 15N-NO3
– rather than from a 

fractionating processes. This indicates that enrichment through DNRA had already taken 

place prior to the incubation period considered in the experiment. In addition, more than 

half of the final samples had NO3
– concentrations below instrument detection limits, 

indicating complete consumption of NO3
–. This likely lead to an underestimate of NO3

– 

consumption rates. While the microcosm experiments demonstrate that denitrification 

and DNRA are both occurring in the Salt River Wetlands, the flux estimates from this 

experiment are likely not representative of potential or maximum rates. 

 The rates of DNRA observed in the push-pull experiment (9.9 ± 2.8 µg N g dry 

soil-1 d-1) were higher than other estimates from other terrestrial ecosystems that range 

from <0.01 to nearly 3 µg N g dry soil-1 d-1 (Rütting et al. 2011). The NO3
– amendment in 

this study was in the lower range of those reported in Rütting et al. (2011; <1 to 70 µg 

N/g soil). If I convert the fluxes I measured to areal units by integrating over the well 

depth of 7 cm, the DNRA rates ranged from 0.84 to 5.0 mmol m-2 h-1. These rates were 

substantially higher than many studies in coastal (Rysgaard et al. 1996, Tobias et al. 

2001, An and Gardner 2002, Gardner et al. 2006, Koop-Jakobsen and Giblin 2010, 
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Bernard et al. 2015) and freshwater ecosystems (Storey et al. 2004, Scott et al. 2008, 

Nizzoli et al. 2010, Nogaro and Burgin 2014); however, the NO3
– amendment in the 

current study also exceeded that in most aquatic studies. Although the level of NO3
– 

addition was high relative to other studies in aquatic ecosystems, the addition was 

necessary in order to recover sufficient NO3
– to calculate the process rates and is 

probably reasonable for an urban ecosystem, especially one fed by stormwater runoff. 

 

Conclusion 

 I propose that denitrification and nitrogen removal increases when floods increase 

NO3
– supply to the wetlands. When NO3

– supply is low between floods, DNRA accounts 

for a higher proportion of the NO3
– reduction, but the overall magnitude of DNRA 

remains low. Our data show that denitrification was positively correlated with NO3
– 

concentration up until approximately 3 mg N/L, then it was limited by other factors. 

Regardless of NO3
– concentration, DNRA rates were generally an order of magnitude 

less than denitrification and were driven by spatial factors such as plant patch cover and 

DOC concentration rather than NO3
– concentration. Still, when NO3

– concentration was 

low, denitrification rates were also lower and DNRA accounted for a larger proportion of 

NO3
– reduction. DNRA can conserve NO3

– during periods of low nitrogen supply, 

retaining the element in the less mobile NH4
+ form that may then be assimilated by plants 

and microorganisms or nitrified. Regardless, approximately half of NO3
– consumption 

occurred through processes other than denitrification and DNRA, presumably due to 

plant and microbial uptake. Therefore, biological assimilation is an important sink for 

NO3
– in this wetland ecosystem, even in the absence of vegetation cover. Nitrate 
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pollution is common in urban aquatic ecosystems; however, fluctuating NO3
– supply can 

mean that the system oscillates between excessive and limiting concentrations. Our study 

indicates that this oscillation in NO3
– concentration can have consequences for the 

proportion of NO3
– removed through denitrification versus conserved through DNRA. 
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Tables and Figures 

 

Table 4.1. Standardized β coefficients with standard error in parentheses for the variables 

included in best fit general linear models of fluxes from the microcosm experiment and 

the push-pull experiment. All response variables were transformed to z-scores to show 

the relative importance of variables across models. The L. peploides (LUPE) and T. 

dominigensis (TYDO) coefficients are relative to the unvegetated open patches using a 

dummy code scheme. The NO3
– and DOC variables are the standardized and zero-

centered concentration at the start of the incubation. All response variables are in units of 

µg N g dry soil–1 hr–1. A (-) denotes that the explanatory variable was not included in the 

final model. Significance levels: p<0.05 (*), p<0.01 (**), p<0.001 (***). 

Response Variable LUPE TYDO [NO3
–] DOC R2 

Microcosm Experiment      

 NH4
+ Flux 0.98(0.45)* 0.22(0.42) - - 17.0 

 DNRA 1.45(0.47)** 1.23(0.47)* - - 48.5 

 NO3
– Flux 0.99(0.23)*** 1.09(0.23)*** 0.82(0.09)*** - 77.2 

 Log(DNIT) - - 0.61(0.20)** - 42.7 

Push-Pull Experiment      

 Log(NH4
+ Flux) 1.18(0.38)** 0.56(0.37) - -0.44(0.16)* 55.8 

 Log(DNRA) 1.22(0.36)** 0.58(0.36) - -0.45(0.16)** 59.6 

 NO3
– Flux 1.51(0.26)*** 0.44(0.26) 0.56(0.11)*** - 78.5 

  Log(DNIT) 1.35(0.46)** 0.92(0.44) - - 33.9 
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Figure 4.1: Map of field sites were located within the Central Arizona-Phoenix Long 

Term Ecological Research study area at two locations, 7th and Central Avenue, in the Salt 

River channel near downtown Phoenix, Arizona. 

  

0 0.25 0.50 
KM 



  117 

 

 

Figure 4.2: Mean background water concentration ± standard error for NO3
– (a), NO2

– 

(b), NH4
+ (c), PO4

3– (d), DOC (e), DON (f), Cl– (g), and Br– (h) in the Central Ave (CEN) 

and 7th Ave (7A) sites in the Salt River channel for surface water (light grey) or 

subsurface porewater (dark grey).  
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Figure 4.3. Mean fluxes for the microcosm experiment where soils were incubated in the 

lab under two different NO3
– concentrations. Bars are mean fluxes ± standard error for 

NH4
+ (a), NO3

– (b), DNRA (c), and denitrification (d) for the unvegetated (OPEN), L. 

peploides (LUPE), and T. domingensis (TYDO) patches, for the high 7 ppm N-NO3
– 

(dark bars) and low 1 ppm N-NO3
– (light bars) treatments. Only data included in the 

general linear model analysis are plotted, extreme outliers and microcosms that had no 

detectable change in the isotope pool are omitted (likely due to methodological 

limitations, see text).  
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Figure 4.4. Mean process rates for the push-pull experiment. Bars are mean fluxes ± 

standard error for NH4
+ (a), NO3

– (b), DNRA (c), and denitrification (d) for the 

unvegetated (OPEN), L. peploides (LUPE), and T. domingensis (TYDO) patches. All 

incubations received a starting NO3
– concentration of 7 ppm. 

  

a b 
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CHAPTER 5 

IMPORTANCE OF PLACE: HYDROLOGIC CONNECTIVITY AND 

DEVELOPMENT MEDIATE THE PRIMARY LOCATION OF NITROGEN 

RETENTION IN WATERSHEDS 

 

Nitrogen is an essential, often limiting nutrient for organisms. Nitrogen has many 

different chemical forms, only a subset of which are biologically reactive. As a result, the 

form, transformation rate, and movement of nitrogen in ecosystems has consequences for 

ecosystem structure and function. Most autotrophs and microbes assimilate nitrogen as 

nitrate or ammonium, collectively referred to as dissolved inorganic nitrogen (DIN). 

Assimilated nitrogen becomes part of plant tissue or a microbe that once exuded, or dead, 

are subject to decomposition and mineralization to ammonium. Ammonium can be 

subject to nitrification to form nitrate or volatilization to form ammonia gas that is lost 

from the system. Nitrate is subject to dissimilatory nitrate reduction to ammonium 

(DNRA) or denitrification to nitrogenous gases that are lost from the system. Nitrification 

and DNRA can recycle nitrogen between different forms of DIN. In undeveloped 

ecosystems, the primary nitrogen inputs are nitrogen fixation and atmospheric deposition; 

however, in ecosystems with human activities, DIN inputs are drastically increased from 

fertilizer, food and feed imports, and higher atmospheric deposition from burning fossil 

fuels (Vitousek et al. 1997, Boyer et al. 2002). The result is that the amount of reactive 

nitrogen in the biosphere has more than doubled since the pre-industrial era, resulting in 

eutrophication in many aquatic ecosystems (Carpenter et al. 1998, Galloway et al. 2004, 

2008).  
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 Nitrogen movement through ecosystems is primarily mediated by water, but 

slowed by biological retention. The relative balance of nitrogen transport and retention is 

a function of the amount of nitrogen input to the landscape (Galloway et al. 2004, 

Howarth et al. 2012), the climate and hydrology of the system (Howarth et al. 2006, 

2012), and the amount retained or transformed by the biological communities along 

flowpaths (Fisher et al. 2004). Much of the research on the relationship between these 

factors has been conducted in mesic ecosystems. Over the past several decades more 

studies have explored these variables in urban ecosystems that tend to have higher 

nitrogen inputs and altered hydrology (Paul and Meyer 2001). Less work has been done 

in the dryland ecosystems that cover two-fifths of terrestrial Earth (Bastin et al. 2017) and 

are expected to host a disproportionate amount of population growth in the future 

(Reynolds et al. 2007). Both urban and dryland ecosystems are characterized by high 

variability in hydrology due infrastructure in urban systems and precipitation variability 

in drylands. In addition, nitrogen inputs in urban systems vary due the to patchy 

distribution of development (Caraco and Cole 2001, Paul and Meyer 2001). 

In this dissertation, I asked: What is the balance of nitrogen transformation, 

transport, and retention in dryland watersheds, and what is the fate of nitrogen export in 

urban ecosystems? I addressed the first part of my question through an investigation of 

the temporal—at seasonal and storm-level timescales—and spatial variables that affect 

nitrate and more broadly nutrient loading in dryland streams (Chapters 2 and 3). The 

second part of my question I addressed through an experimental investigation of the 

relative roles of denitrification and DNRA in nitrate attenuation in an urban wetland 

ecosystem (Chapter 4).    
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 Each of the study systems used in this dissertation are situated in the combined 

Salt-Verde River Watersheds along flowpaths from uplands to the recipient ecosystems at 

the watershed outlet (Figure 5.1). They represent a gradient from the entirely 

undeveloped Sycamore Creek Watershed to the highly urban Salt River Wetlands. The 

flowpath from the uplands to temporary stream channels to perennial streams to the Salt 

River wetlands is indirect. Shortly after the confluence of the Verde and Salt Rivers and 

upstream of Phoenix, all surface water in the channel is diverted into canals for the 

municipal water supply. The river water is mixed with groundwater and water from the 

Colorado River via the Central Arizona Project aqueduct that together form most of 

Phoenix’s water supply (Guhathakurta and Gober 2007). Two thirds of residential water 

use in Phoenix is outside the home (Mayer et al. 1999) and some of this water forms 

runoff that enters the sewer system, eventually flowing into recipient water systems 

including wetlands and retention basins (Bateman et al. 2015, Palta et al. 2016, 2017). 

Residential wastewater is treated and either discharged to the Salt River Channel, injected 

into the groundwater, used for irrigation, or used for cooling generators at the Palo Verde 

nuclear facility (Lauver and Baker 2000). Thus, the water supplied from the Salt-Verde 

Rivers including Sycamore Creek and Oak Creek eventually reaches the Salt River 

Channel in urban Phoenix after flowing through the urban landscape.  

Based on my dissertation research, I propose that the primary location of nitrogen 

retention changes based on the hydrologic connectivity and type of human development 

in the watershed. For the ephemeral and intermittent streams that form the headwaters of 

larger watersheds, the primary site of nitrogen retention is the uplands, where rain pulses 
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in biological activity process and retain nitrogen. For larger perennial streams that are 

connected to a regional groundwater system, some development occurs along the stream 

margins that increases both nitrogen loading and hydrologic connectivity between these 

sources and the stream. As a result, the primary location for nitrogen retention and 

removal in perennial systems is the stream network. Finally, in dryland, urban 

ecosystems with heavy development and increased nitrogen inputs, the water 

infrastructure shifts the primary site of nitrogen retention to downstream recipient 

ecosystems that store water, including wetlands and retention basins. In this way, water 

availability as a stimulator of biological activity and hydrologic connectivity combined 

with human development can alter the primary location of nitrogen retention in the 

watershed. 

For drylands, nitrogen processing and retention in undeveloped intermittent and 

ephemeral watersheds is limited by water. Water limits both biological activity and 

hydrologic connectivity between landscape components. Full connection between 

uplands and the stream network may only occur during large floods. If undeveloped, 

most of the nitrogen inputs are due to nitrogen fixation and atmospheric deposition. 

Without substantial water to transport the element, most of the processing and retention 

of these inputs will occur in place during small to moderately sized storms. Hot moments 

of biological activity during and following precipitation inputs can mineralize, nitrify, 

and denitrify nitrogen, and also enable more biological nitrogen uptake (McClain et al. 

2003, Belnap et al. 2005, Harms and Grimm 2008). As a result, smaller precipitation 

inputs that do not generate floods may encourage retention of nitrogen in the uplands, 

thus reducing the pool of potentially mobile nitrogen. When large floods occur, there is 
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less nitrogen available for export. Sycamore Creek followed this pattern (Chapter 3) in 

that higher precipitation inputs in the season prior to a flood lowered the concentration 

and load of total dissolved nitrogen and dissolved organic carbon in flood water. This 

indicates that precipitation in the prior season stimulated biological retention and removal 

of these nutrients such that the pool that was available for export during floods was 

reduced. During floods, the transport rate exceeds the biological reaction rates, thus there 

is little retention occurring during floods (Oldham et al. 2013, Welter and Fisher 2016), 

although transformation between different forms of nitrogen may occur during transport 

(Welter et al. 2005, Harms and Grimm 2010). During seasonal flow or flow recession 

following a flood, temporary streams can have high nitrogen uptake rates (Fisher et al. 

1982), though are still largely disconnected from upland sources of nutrients. As a result, 

the processing and retention of nitrogen that takes place in the uplands is the major 

control point for nitrogen in intermittent and ephemeral dryland watersheds. 

Dryland perennial streams are connected to a groundwater system which 

maintains surface flow during extended dry periods. As a result of relative water security, 

perennial streams are also favored sites for human development. The primary source of 

nitrogen in these systems are the groundwater and human activities near the stream 

channel. As a result, the stream network is the primary control point for nitrogen 

processing and retention in these ecosystems. The source and transfer of nutrients 

between the land surface, groundwater, stream network, and downstream systems is 

highly dependent on the amount of precipitation and evapotranspiration variation across 

seasons and years in drylands. The strength of the connection between groundwater 

systems and the stream network can vary throughout the year (Brooks and Lemon 2007, 
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Meixner et al. 2007). Human development alters the hydrology of landscapes such that 

hydrologic connectivity can increase or decrease between landscape sources of nutrients 

and aquatic systems. Agricultural activities may include diverting surface water (Larned 

et al. 2010) and pumping groundwater (Kustu et al. 2011) for irrigating residential or 

agricultural landscapes. Irrigation water can increase groundwater–surface water 

connections, especially during dry summer seasons (Kustu et al. 2011) and this water 

may entrain nitrate placed on the landscape. This was the case in Oak Creek (Chapter 2), 

where nitrate loading to the stream network remained high even during the summer 

season in the portion of the watershed with agricultural land cover adjacent to the stream. 

Despite the high nitrate loading in these sections of the watershed, the high capacity for 

biological nitrogen uptake in the stream ensured that the stream nitrogen load remained 

low. Thus, perennial streams are the primary reactive interface responsible for reducing 

nitrogen loads to downstream ecosystems in drylands. 

In urban ecosystems, nitrogen inputs are higher, there is lower biological retention 

in the uplands due to the ubiquity of impervious surfaces, and infrastructure favors 

efficient runoff removal to recipient ecosystems rather than retention on the landscape. 

As a result, in urban ecosystems the primary sites of nitrogen retention are the recipient 

aquatic systems. Urban ecosystems have extensive impervious surfaces (Arnold and 

Gibbons 1996) with less area available for water infiltration. Many cities rely on 

infrastructure that diverts water through pipes and into stream channels, wetlands, and 

other recipient systems during storms (Hale et al. 2014b). As a result, any water in the 

system will tend to flow overland and even small precipitation events can generate flood 

conditions in these recipient systems (Walsh et al. 2005, Hale et al. 2014b). This is 
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apparent in the Salt River Wetlands that experience regularly flooding associated with 

storms in Phoenix. The flooding is accompanied by high nutrient loading (Palta et al. 

2016, 2017). In addition, these wetlands have perennial water supply from stormwater 

drains even during prolonged dry periods, indicating that runoff from lawn irrigation and 

groundwater pumping is diverted to this recipient system rather than infiltrating in the 

urban terrestrial sphere (Palta et al. 2016, 2017). Since the Salt River wetlands have 

highly urban drainages, the amount of nitrogen drained to these systems can accumulate 

over time and may exceed the assimilating biological demand. As a result, other 

transformations can become important sinks for nitrogen (Burgin and Hamilton 2007, 

Suchy 2016, Palta et al. 2017). My research in these wetlands demonstrates that 

denitrification rates increased with higher nitrate supply; in contrast, DNRA was 

insensitive to changes in nitrate supply (Chapter 4). This means that the wetlands are 

capable of mediating increased nitrogen inputs by removal through denitrification. 

Decades of research has demonstrated the nitrogen attenuation capacity of wetland 

ecosystems (Nichols 1983, Peterjohn and Correll 1984, Bowden 1987, Hill 1996, 

Saunders and Kalff 2001, Mayer et al. 2007, Racchetti et al. 2011). The Salt River 

wetlands are consistent with this research, removing nitrogen at the patch scale (Suchy 

2016) and at the wetland scale (Palta et al. 2017). The denitrification capacity of wetlands 

has led to their widespread construction and to restoration projects in locations that have 

high nitrogen loading, such as treatment wetlands to remove nitrogen from municipal 

wastewater effluent or in locations with high nonpoint source nitrogen pollution, such as 

agricultural areas (Nichols 1983, Brix 1994, Vymazal 2007, Lee et al. 2009). 
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Rising temperatures due to climate change and increasing water extraction for 

human water consumption mean that intermittency in stream ecosystems is expected to 

increase (Larned et al. 2010). In addition, urban areas are expected to increase and with 

them the ecological footprint of cities (Grimm et al. 2008). As ecosystems become drier 

and more urban, there is a need to understand the consequences for nutrient cycling. Drier 

ecosystems may mean that a larger proportion of nitrogen processing and retention occurs 

surrounding rain pulses in biological activity. More development along perennial stream 

margins and in larger cities will likely increase nitrogen supplies and alter hydrology 

such that the new sources of nitrogen are more connected to aquatic ecosystems. 

Accumulating nitrogen in recipient ecosystems may also shift the types of nitrogen 

retention from more assimilative biological uptake to higher rates nitrogen removal by 

denitrification.  Insight into the primary locations for nitrogen processing and removal in 

different ecosystem types is needed in order to prioritize areas for this ecosystem service. 
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Figures 

 

Figure 5.1. A schematic of study sites and relationship to Phoenix metropolitan area 

water supply. Oak Creek has both temporary and perennial sections with small urban and 

agricultural areas in the watershed. Sycamore Creek is spatially intermittent and has very 

little development within the watershed boundary. Both Sycamore Creek and Oak Creek 

flow into the Verde River that converges with the Salt River. Upstream of the city, all 

water in the Salt River is diverted into municipal canals and the river channel is dry 

through the city. The exception is the accidental wetlands (sensu Palta et al. 2017), which 

have developed near storm drains in the channel that deliver urban runoff to the channel. 
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